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Abstract 

 

Intense human pressures require that conservation be nimble and action-oriented even in the face 

of significant data limitations. In the ocean, invertebrates comprise over 95% of animal 

biodiversity and are a major component of fisheries catch. Yet, exceedingly little effort is 

dedicated to supporting conservation of these taxa. The goal of this thesis is to measure how 

coral reef invertebrates and invertebrate communities respond to conservation action based on 

limited data and then to suggest how such action can be tailored to maximize invertebrate 

abundance and reproductive output. I focused on no-fishing zones (marine reserves) and setting 

limitations on catch of juvenile animals in the Central Philippines—a region of immense ocean 

biodiversity, but also of enormous human fishing pressures. In my first data chapter (Chapter 2) I 

focused on the best timing for sampling invertebrates and I found that surveys at night 

significantly increased detection, having large impacts on both the number of animals and the 

number of taxa observed for mobile species. In Chapters 3 and 4, I examined if marine reserves 

increase invertebrate abundance and alter their communities. I found that reserves have 1.5 to 2.3 

times more invertebrates for taxa important to local fisheries. The best outcomes were found in 

older reserves with complex habitats. Surprisingly, I found no correlation between abundance of 

fish and of invertebrates. Invertebrate communities often differed between fished and reserve 

areas, with the latter showing greater abundances for traits like bearing a shell and filter feeding. 

In Chapter 5, I used invertebrate catch data from intertidal fisheries and developed indicators for 

reproductive output and fishing mortality. For some species, a substantial proportion of catch 

was either juvenile animals or animals below a body size that would otherwise optimize yield. 

Introducing a minimum size limit would substantially increase spawning output and yield. Given 
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the significant challenges facing these taxa and the fisheries they support, I urge a combination 

of marine reserves and size-limits to conserve invertebrates. Such an approach should also 

support food security in the often marginalized fishers who rely upon them. 
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Lay Summary 

 

Invertebrates—animals lacking a backbone—constitute 95% of ocean animal taxa but are largely 

overlooked in conservation despite being critical for food security and regulating ecosystem 

processes. This thesis explores conservation actions for invertebrates in the Central Philippines 

and how to increase their effectiveness. I focused on how invertebrates respond to 1) closing 

areas of the ocean to fishing and 2) applying fishing limits on juveniles. I found that on average, 

areas closed to fishing had 1.5 to 2.3 times more invertebrates important in fisheries. 

Surprisingly, invertebrates respond differently to fish when they are protected. The largest effects 

were in areas protected for long periods of time and with complex habitats. Reserves also had 

more animals with particular traits, such as filtration capacity. Combining closed areas with 

catch limits for juvenile animals will likely increase the abundance of marine invertebrates and 

support human food security. 
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Chapter 1: Introduction 

 

1.1 Rational 

Intense pressures require that conservation programming use flexible, data-limited tools to 

support survival, growth, and reproduction in species impacted by humans. The current 

overwhelming focus on population dynamics in commercially dominant species is no longer 

adequate for improving recovery potential of populations and communities at broad geographic 

and taxonomic scales (Hall and Mainprize, 2004). This has driven a demand for more holistic 

management approaches that address biotic and abiotic needs in diverse taxa. This requires 

attention be paid to species and processes typically overlooked in conservation programming 

(Cardoso et al., 2012, 2011b; Collen et al., 2012; Travis et al., 2013). An added level complexity 

may seem at odds with the capabilities of ‘flexible and data-limited’—how do we account for 

taxa whose basic life history traits are unknown? Fortunately, a number of approaches have 

emerged that are practical in these scenarios. Management that requires relatively few data inputs 

but protects habitats and reduce mortality in key life-history stages—while not a panacea—can 

begin to address broader conservation issues faced by species, their habitats, and ultimately, 

ecosystems functioning. 

 

Coastal, developing regions are often biodiverse, heavily threatened and have few management 

resources (Muallil et al., 2014). In these regions, fisheries support the protein diets of 1.4 billion 

people (Béné, 2006) and management tools that support ecosystems and the people who depend 

on them are required. Over the past several decades, depletion of populations, reductions in the 

size of individuals, destruction of habitats and loss of biodiversity have reduced the functioning 
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of marine ecosystems and threaten the multitude of benefits that people derive from oceans 

(Klain and Chan, 2012; Moberg and Folke, 1999; Nañola et al., 2011; Pauly et al., 1998; Worm 

et al., 2006). Many of these benefits, in addition to large amounts of protein for human 

consumption come from often overlooked marine invertebrate taxa and there is a pressing need 

to take invertebrate taxa into account (Anderson et al., 2011; Collen et al., 2012; Kleiber et al., 

2014). 

 

My thesis deploys a variety of analytical approaches to understand how data-limited and 

ecosystem-based tools support the survival, growth, and reproduction of taxa critical to fisheries 

and ocean functioning—marine invertebrates. While significant effort has been invested in 

designing sampling methods suitable for measuring biodiversity in coral reef finfish, detection of 

invertebrate biodiversity, to my knowledge, has not been taken into account in the design of 

these surveys. In Chapter 2, I present a case study comparing invertebrate biodiversity estimates 

from varying sample sizes and compare day-time and night-time sampling on coral reefs. To 

understand patterns of invertebrate response to MPAs I use a focused set of analyses (Chapters 3 

and 4) to probe the drivers of response in abundance, diversity and functional traits. To do this I 

use a (Le Port et al., 2017)case studies from 10 protected areas in the Central Philippines—a 

heavily impacted coastal, developing region. I use various statistical modeling techniques to 

investigate how protected areas can better support recovery of invertebrate taxa and how these 

closures impact ecosystem functioning. Much of the ocean lies outside of protected areas. In the 

last section of this thesis (Chapter 5), I examine how data-limited, animal growth-based analyses 

can be employed to ensure fished invertebrate taxa have the opportunity to reproduce before 

capture in small scale fisheries. The analyses and questions addressed in this thesis are driven by 
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a desire to support conservation of invertebrate taxa in data-limited and resource-limited 

scenarios, contributing to healthy, well managed marine ecosystems. 

 

1.2 Background and Context 

Marine animal diversity is dominated by invertebrate species. Constituting 95% of all animal 

species in the ocean, invertebrate diversity of form and function has allowed them to thrive in 

environments from the deepest oceanic trenches to the shallows of every ocean on earth (Collen 

et al., 2012). Accordingly, they fill many roles in food webs and provide services invaluable to 

humans (Cardoso et al., 2011a). Corals act as buffers to storms, protecting coastlines from 

erosion (Moberg and Folke, 1999). Seasonal fluxes in zooplankton can drive fish numbers and 

dramatically influence fisheries (Ware and Thomson, 2005). Benthic species such as crabs and 

sea cucumbers act as “nutrient pumps”, dredging bottom habitat and returning nutrients back into 

food webs (Posey et al., 1995). And in the Antarctic, krill are notable for their astounding 

biomass and ability to sequester vast amounts of carbon in their wastes (Walsh et al., 2001). 

 

Despite the critical roles invertebrates play in ocean ecosystems, they receive comparatively little 

attention in marine research (Cardoso et al., 2012; Collen et al., 2012). In part due to the 

astounding number of invertebrate taxa as well as their often cryptic nature, we know little about 

survival strategies or functional roles of most species (Cardoso et al., 2011b). Many species 

remain undescribed, and for most others, basic life-history and distributional data do not exist 

(Cardoso et al., 2011b; Collen et al., 2012). In food webs, invertebrate roles are sometimes 

heavily underestimated. Ecosystem modeling indicates that shifts in abundance of invertebrates 

in marine systems can have cascading effects of similar magnitude to that of shifts in forage 
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finfish (Eddy et al., 2017). This lack of basic life-history and baseline status information makes it 

difficult to observe and therefore manage changes within invertebrate populations. 

 

Similar to finfish, many invertebrate populations are declining and there are examples of 

significant depletions (Anderson et al., 2011; Salomon et al., 2007). In the Caribbean, the 

overexploitation of queen conch, combined with a vulnerability to Allee effects, has resulted in 

large scale, basin-wide reductions (Stoner et al., 2012). In California, white abalone has suffered 

catastrophic declines of approximately ~99.99% (Davis et al., 1996; Hobday et al., 2000). 

Similar patterns are seen globally. For instance, the popularity of sea cucumbers in the Asian 

seafood market has prompted worldwide serial depletions (Berkes et al., 2006). As with many 

marine conservation issues, invertebrate safeguarding is challenged by spatially massive and 

diverse habitats, unprecedented human pressures and a severe lack of resources to confront many 

of these problems (Allison et al., 1998). Further complicating these fisheries pressures has been 

the loss of key habitat such as coral reefs, mangrove forests and seagrass meadows (Munday, 

2004), habitats that house large numbers of invertebrate taxa (Collen et al., 2012). 

 

While there is an overall trend of decline for many invertebrates, human driven changes to 

marine ecosystems have led to benefits for some invertebrate species. On the north-east coast of 

North America, the collapse of cod stocks has led to increases in lobster densities – the result of 

the removal of a major lobster predator (McMahan et al., 2013). On coral reefs, fishing pressures 

on grazing fish species have changed herbivory dynamics (Mumby et al., 2006). For example, in 

the Indian and Pacific oceans, urchins and other invertebrate grazers have proliferated as 

fisheries have removed urchin predators or competing, grazing fish (McClanahan, 2014; Shears 
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and Babcock, 2003, 2002). Across the globe, there have been large increases in jellyfish blooms, 

the reasons for which are unclear (Brotz et al., 2012). Alteration of habitats and the use of active 

fishing gears have often resulted in “simplification” of complex habitats, shifting the balance 

toward species that thrive in less complex habitats (Alvarez-Filip et al., 2009; Harborne et al., 

2012). The long-term ecological consequences of these human-driven changes are unclear and 

the complexities of ecosystem interactions are rarely as cut and dried as in these examples. 

Direct effects are often complicated by previously hidden interactions elsewhere in food webs 

and secondary and tertiary effects have proven difficult to predict and manage for (Travis et al., 

2013). 

 

Despite the numerous challenges facing marine invertebrate taxa, few conservation programs 

targeting marine invertebrates exist (Sloan, 2004). In fact, marine conservation remains largely 

focused on a small set of vertebrate species (Cardoso et al., 2011b). However, in some places 

where invertebrates have particularly high economic value, conservation-minded fisheries 

management has been introduced. For example, in the Bahamas, there is a focus on developing 

size limits and harvest refuges for economically important and CITES Appendix II listed queen 

conch (Stoner et al., 2012). In Chile, marine protected areas increased abundances of large adults 

and egg case density of loco snails Concholepas concholepas (Castilla and Duran, 1985; 

Manríquez and Castilla, 2001; Moreno et al., 1986). On the west coast of British Columbia, 

depletion of abalone has prompted larval seeding experiments. Unfortunately, this conservation 

program has not led to detectable increases in abalone densities (Campbell, 2000). 
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Throughout this thesis I refer to “survival, growth, and reproduction” in invertebrates—three 

elements important for persistence of populations (Kindsvater et al., 2016). I am referring to the 

rate of survival within and between life stages (e.g. survival from larval to juvenile stages; 

survival of sufficient numbers of adults to produce future cohorts). I am referring to the growth 

of animals to body sizes or maturity stages needed for key life history events (e.g. migrations, 

reproduction). And finally, I am referring to the production of offspring. Each invertebrate taxon 

in this thesis has its own unique morphology, growth rate, reproduction type, etc. (collectively, 

“life history strategy”). And while no single conservation practice will fully address each taxon’s 

needs, I aim to evaluate if two conservation practices (spatial fishing closures and catch size 

limits) contribute to improved survival (via abundance in reserves), growth (via proportion of 

adults in the catch) and reproduction (via reproductive output and yield) in invertebrate taxa and 

then suggest how these practices could be improved. Other life history elements are  

 

1.3 Marine Protected Areas 

A proposed alternative to species-specific conservation approaches is to set aside reserves where 

extractive pressures are removed (Bohnsack, 1998; Edgar et al., 2007). In these areas, species, 

habitats and food web relationships are given a chance to recover or achieve partial recovery 

(Micheli et al., 2005). The creation of these no-take areas often involves value-based decision 

making (Agardy et al., 2003; Lundquist and Granek, 2005).This has frequently resulted in 

reserve establishment with the explicit objective of protecting fish species of high economic 

value (Bohnsack, 1998; Halpern and Warner, 2003). In this regard, many reserves have been 

highly successful. A “fish-centric” approach has shifted how we evaluate marine reserves from a 
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holistic, biodiversity approach, to a model where fish abundance, diversity, biomass and body 

size are the metric of reserve success (Halpern, 2003). 

 

Marine protected areas (MPAs) are a heavily advocated tool to conserve biodiversity and 

supplement fisheries (Agardy, 1994; Holland, 2002). There are many forms of MPAs: along with 

no-take areas (marine reserves) the term also describes areas that receive partial protection or 

temporally or spatially varying protection. The Convention on Biological Diversity (CBD), Aichi 

Target 11 called for 10% global MPA coverage by 2020, while the 2003 IUCN World Parks 

Congress called for 20-30% coverage by 2012. Despite these ambitious goals, MPA 

establishment has progressed slowly and as of 2020, global MPA coverage stood at 7.8% of the 

ocean (MPA Atlas, 2020). Gains in MPA coverage have been driven by establishment of a small 

number of very large MPAs (Boonzaier and Pauly, 2016). As of 2013, these large areas 

(>100,000 km2) form approximately 80% of total MPA coverage (Leenhardt et al., 2013). 

Theoretically, MPAs not only create a refuge for marine life to thrive but create positive effects 

in surrounding areas, making them simultaneous tools for marine conservation and resource 

management (Russ et al., 2004). 

 

There is strong evidence that reserves are working to conserve fish and, in some cases, promote 

their spillover into adjacent fisheries (Russ et al., 2004; Russ and Alcala, 1996). Prominent meta-

analyses examining fish response to reserves found 3.7 times more fish within reserves than out 

(Mosquera et al., 2000) and an overall increase in the density, biomass, size and diversity of fish 

species (Lester et al., 2009). The most pronounced positive responses have been observed in 

exploited species (Côté et al., 2001). These patterns are consistent across marine reserves in 
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tropical and temperate ecosystems and in reserves of varying sizes. Additionally, the spillover of 

both adult fish and larvae has been observed in several reserves (Abesamis and Russ, 2005; Goñi 

et al., 2008; Le Port et al., 2017; McClanahan and Mangi, 2000; Russ et al., 2004; Russ and 

Alcala, 1996). The magnitude and consistency of this spillover and its contribution to fisheries 

remains under question and some argue that benefits to fisheries from spillover are likely only 

present when outside fisheries have been severely mismanaged (e.g. Buxton et al., 2014). Recent 

studies, however, have found measurable spillover into surrounding areas among some taxa (e.g. 

exploited taxa, mobile taxa) and in certain conditions (larger and older protected areas) (Di 

Lorenzo et al., 2020; Kough et al., 2019; Lenihan et al., 2021).  

 

Despite the successes observed in fish taxa, changes in abundance of marine invertebrates in 

response to reserves is not clear. This is, in part, due to the lack of focus on reserve response 

patterns in invertebrate taxa in conservation literature. MPA meta-analyses tend only to briefly 

touch on invertebrates and often indicate overall negative or non-significant trends in 

invertebrate taxa inside of reserves (Halpern, 2003; Lester et al., 2009). For example, a recent 

global MPA analysis measuring “conservation benefits” of MPAs does not mention the word 

“invertebrate” in any of the text or supplementary information (Edgar et al., 2014). Some 

individual studies have shown marine reserves to increase exploited invertebrate abundance and 

size (Ashworth et al., 2004; Edgar and Barrett, 1999). For example, lobster fisheries in New 

Zealand and South Africa quickly benefitted from spatial fisheries closures (Freeman et al., 

2012; Shears et al., 2006). And densities of snails important to food security rapidly increased in 

Egyptian reserves when they were well enforced (Ashworth et al., 2004; Benzoni et al., 2006). 

Invertebrate responses may be slower to appear and more difficult to interpret (Pinnegar et al., 
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2000). For example, decreases in abundance inside of reserves relative to outside may be due to 

restored trophic and competitive interactions as fish begin to recover within reserves (Micheli et 

al., 2005; Shears and Babcock, 2003). 

 

Marine invertebrates play diverse roles in ecosystems and there is potential for shifts in the 

functioning of these ecosystems as their numbers are impacted by spatial management. These 

roles vary from filtration of water, to removal of parasites from fish to acting as a source of food 

for higher trophic levels. The term “ecosystem functioning” varies in definition but can include 

measures of energy or material flow through food webs (Dıaz and Cabido, 2001) and the 

processes (e.g. filtration, nutrient cycling) that occur in ecosystems (Bengtsson, 1998; Naeem, 

2004). These changes in the presence of traits possessed by species are often not quantified. 

There is evidence that life history traits like larger body size and adult longevity begin to 

increase in reserves, however these changes can take much longer to appear than increases in 

biomass and abundance (McClanahan and Graham, 2015). Nevertheless, the sheer diversity of 

roles of invertebrates in marine systems begs closer examination of functional change in 

invertebrate communities are that receiving protection from fishing pressures (Bremner et al., 

2006a, 2006b). 

 

The scarcity of analysis on macro-invertebrate response to reserves is especially alarming in light 

of invertebrate importance in fisheries. Commercial exploitation of invertebrate species has 

increased six-fold since 1950 and invertebrates now constitute one-fifth of the global commercial 

fisheries catch (Anderson et al., 2011). More countries than ever are reporting catches of 

invertebrate species. By 2004, 34% of commercial invertebrate fisheries were classified as over-
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exploited, collapsed or closed (Anderson et al., 2011). However, unlike many commercially 

exploited finfish, tools for evaluating the status as well as management options for many 

invertebrate stocks have largely remained unexplored. This is surprising in view of their 

increasing social and economic importance (Anderson et al., 2011). 

 

In developing regions, invertebrate fisheries are both important and enormously complex. These 

fisheries, which are often unreported and unregulated (Berkes, 2001; Palomares and Pauly, 

2014), contain a diversity of methods, gears and target taxa (Mills et al., 2011; Selgrath et al., 

2017). Conch and lobster are important fisheries species in the Caribbean, sea cucumbers in Asia 

and much of the Pacific and loco (Chilean abalone) in Patagonia are just a few examples. 

Globally, in coastal regions, marine invertebrates constitute a significant portion of fisher catch 

(Kleiber et al., 2014). In the Central Philippines, between a quarter and a third of all protein 

consumed in coastal villages comes from invertebrate catch and makes a significant contribution 

to local food security (Kleiber et al., 2015). 

 

1.4 Managing Fisheries Outside of Reserves 

Large areas of ocean fall outside of marine reserves and there is a need for data-poor invertebrate 

fisheries management tools. In regions with few management resources, setting total allowable 

catches or exploitation rates is often not feasible due to limited knowledge of stock status and 

exploitation, along with limited enforcement capabilities. A number of data-poor fisheries 

management tools have been suggested but few have been tested with invertebrate taxa 

(Carruthers et al., 2014). Despite these challenges, when stock status is unknown, imperfect but 

still highly useful management options are available (Baum and Worm, 2009; Johannes, 1998). 



11 

 

These can include spatial closures (MPAs), bans on harvest of female individuals, or animal size-

based harvest rules. 

 

Animal growth is an important factor in marine resource management as it can provide estimates 

on when animals reach sexual maturity and size at harvest for maximum yield. These estimates 

are important because a population requires a sufficient abundance or density of spawners to 

produce enough offspring to replenish itself. For much of the developing world, there are few 

resources to estimate stock biomass or enforce a total allowable catch. So, where controls of 

fisheries inputs (i.e. number of vessels and effort) are not practical, suggesting minimum sizes 

offers a potential management option given fisher buy-in. The effect of size limits on fisheries 

yield can be particularly powerful where limits are designed so that the biomass of a cohort is 

maximized (Lopt) (Froese et al., 2008). In instances where Lopt is used, the age structure of the 

population resembles that of an unfished stock, adding resilience within the population to 

withstand disturbance (Froese et al., 2016). 

 

1.5 The Danajon Bank, Philippines as a Case Study 

The Central Philippines is representative of challenges that have so far slowed attempts to stem 

marine biodiversity loss: a high and growing demand on the ocean for food and livelihoods, lack 

of management capacity, and little political will for environmental conservation (Berkes, 2001; 

Gill et al., 2017; Muallil et al., 2014; Selgrath et al., 2017; Weeks et al., 2010). The Danajon 

Bank, where the research in this thesis is focused, is a rare double barrier reef administered by 

the four surrounding provinces of Cebu, Bohol, Leyte and Southern Leyte. Marine management 

lies largely with municipal and village government (White et al., 2006). This region is also a 
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centre for biodiversity (Carpenter and Springer, 2005) but since 1960, extractive effort has 

increased 240%, heavily impacting these biodiversity rich communities and habitats on which 

the rely (Selgrath et al., 2017). 

 

Fishing on the Danajon Bank is central to many livelihoods and includes a diverse set of gears 

that target a wide breadth of marine biodiversity. These fisheries are effectively open-access, and 

present a high level of fishing effort driven by a significant human population density and a lack 

of alternative livelihoods (Christie et al., 2006; Selgrath et al., 2017). These pressures are 

enormous: on a section of Danajon Bank that makes up approximately one third of the total 

Bank, over 90 different gears have been identified and the annual person days of fishing effort 

exceeds 1.3 million (Selgrath et al., 2017). Subtidal fishing is primarily conducted by small, 

outrigger boats (many with small engines), from which fishers skin dive and deploy gears like 

hook and line, poison, dynamite, nets and traps. The use of gears has evolved over time on the 

Danajon Bank, shifting from hooks and line and nets in the 1960s to predominantly nets and 

active methods like skin diving by 2010 (Selgrath et al., 2017). In intertidal zones, walking in 

intertidal habitat and gathering invertebrates, fish, and seaweeds is a major source of fishing 

effort, accounting for 13% of weekly catch that is sold, and 27% of catch that is retained for 

household consumption (Kleiber et al., 2014). While both subtidal and intertidal fisheries catch 

invertebrates, for intertidal gleaning fisheries, invertebrates are the primary target, accounting for 

>90% of gleaned catch by weight (Kleiber et al., 2014). This catch contains a high species 

diversity of invertebrates and common taxa in the catch include: snails and slugs (e.g. Trochus, 

Dolabella), urchins (e.g. Tripneustes), crabs (e.g. Portunus), bivalves (e.g. Codakia, 

Crassostrea), and sea cucumbers (e.g. Holothuria, Stichopus) (Kleiber et al., 2014). 
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The Philippines has nearly 2000 marine reserves and as of 2006, sixty marine reserves in the 

Danajon Bank area (Christie et al., 2006). In the Danajon Bank, Project Seahorse, and its 

Philippines partner organization Project Seahorse Foundation for Marine Conservation (PSF) 

have been instrumental in catalyzing the creation of 35 marine reserves. Marine reserves in the 

Danajon Bank vary in size as well as placement, with some found far offshore, while others abut 

the shore, covering areas typically used for intertidal collection of fish and invertebrates 

(“gleaning” fisheries). PSF hosted my field research, introduced me to local officials and guided 

me through the formal process of gaining research permission at the municipal and community 

levels. PSF staff members have also been critical for helping ground this work in the 

practicalities of conducting on the ground conservation programming.  

 

1.6 Thesis Outline 

This thesis addresses the conservation and management of marine invertebrates in an 

environment rich in diversity yet challenged by a lack of institutional resources, data, and 

political will (Andrew et al., 2007). I employ a diverse set of analytical approaches to evaluate 

current effectiveness in the conservation of these species and then suggest ways forward that are 

relevant to data and resource-poor scenarios. I wanted to know if current use and design of 

marine reserves is impacting the recovery or partial recovery of invertebrates and the types of 

reserves that are having the greatest impact. Does an animal’s life history and exploitation status 

influence their recovery potential? Do we see functional changes in ecosystems when 

invertebrates are protected? And how practical is it to establish data-limited fisheries size limits 

for the animals that live outside the boundaries of reserves? 
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In this thesis I combine fisheries independent and dependent field data, published literature and 

empirical relationships to understand impacts of marine reserves and size-based management in 

invertebrate conservation. In Chapter 2, I present a short pilot study on the impacts of survey 

timing (i.e. day or night) on detection rates for invertebrate abundance and diversity. I then focus 

on a set of community managed marine reserves in the Central Philippines to understand the 

factors affecting invertebrate response in both abundance (Chapter 3) and biodiversity and 

functional change (Chapter 4). In the last data chapter of this thesis (Chapter five), I address a 

growing recognition that marine reserves alone are not sufficient for achieving conservation and 

fisheries management goals. I assess the utility of data-limited, growth-based tools to set 

fisheries size limits in commonly captured invertebrate taxa. I conclude, in Chapter 6, with a 

synthesis of this body of work and offer direction on how it may be used to support healthy and 

more abundant marine invertebrate populations. 
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Chapter 2: Night sampling is best for detection of coral reef invertebrates 

 

2.1  Summary 

Marine invertebrates play important roles in ecosystems and support fisheries, yet are often 

overlooked in long-term monitoring. Establishing survey methods that effectively track changes 

in their abundance and diversity will be important for monitoring status and trend which are 

essential inputs for conservation and resource management decision making. On coral reefs, a 

popular survey method is day-time belt transects, but many invertebrates are nocturnal. In this 

short pilot study I compare day-time and night-time reef sampling methods to evaluate which 

method obtains highest detection of invertebrate individuals and taxa. My results indicate that 

night belt-transects provide significantly higher detection of exploited (504 times higher density) 

and mobile (22.5 times higher density) individuals and significantly higher richness estimates for 

all taxa (2.5 times greater family richness), and among various sub-groups including exploited 

taxa (16 times greater family richness), and mobile taxa (4.2 times greater family richness). As 

expected, there was no difference in sessile taxa for either metric. Night surveys required roughly 

double the sampling effort to reach 80-90% of asymptotic diversity but resulted in 2.5 times 

higher taxon richness value estimates compared to day surveys. These results have application 

for both researchers and resource managers who wish to increase taxon detection in their surveys 

and understand abundance patterns in coral reef invertebrate taxa. 

 

2.2 Introduction 

Reversing biodiversity loss requires knowledge of status and trend in populations and their 

environments. Conservationist and resource managers rely on monitoring data to set catch limits, 
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restrict trade in particular taxa, or set aside critical habitat for protection (Pereira and Cooper, 

2006). These decisions rely on data that is representative of populations or an area’s biodiversity 

(Kéry and Schmidt, 2008; Miloslavich et al., 2018). For example, good data for abundance and 

richness can lead to identification of biodiversity hotspots, estimates for species range or 

determination of sustainable exploitation limits (Collen et al., 2008; Williams et al., 2002). It is 

therefore important that sampling methods use approaches that are effective at detecting study 

taxa (Kellner and Swihart, 2014). 

 

Marine invertebrates have earned greater recognition as a critical component of ocean 

biodiversity and capture fisheries (Anderson et al., 2011; Collen et al., 2012). The vast majority 

of marine animal diversity is made up from invertebrate taxa and they are involved in processes 

central to functioning in marine ecosystems (Cardoso et al., 2012; Moberg and Folke, 1999; 

Newell, 1988; Ware and Thomson, 2005). Over the past several decades, year-over-year growth 

in invertebrate fisheries has outpaced that of finfish and some invertebrate species rank among 

the most economically valuable in international seafood trade (Anderson et al., 2011; FAO, 

2014). In developing regions, the magnitude of small-scale invertebrate fisheries has only 

recently been recognized (Kleiber et al., 2014; Palomares and Pauly, 2014). 

 

Despite global and local importance, evaluations of the status of exploited invertebrate 

populations are often absent or severely deficient (Cardoso et al., 2012, 2011a; Collen et al., 

2012; Jimenez et al., 2015). This presents challenges for those interested in designing marine 

invertebrate management programs, understanding their ranges or identifying invertebrate taxa 

that require conservation attention. It is therefore important that invertebrate survey methods 
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have reasonable levels of detection so that accurate status and trend data is available for 

understanding and responding to threats. 

 

Coral reef surveys are typically completed during day-light hours but there are many invertebrate 

taxa that emerge only at night (McFarland, 1986; KMG, pers. obs.). Despite this nocturnal 

behaviour, an examination of the literature revealed only one record of invertebrate surveys 

occurring at night (Francis et al., 2019). The Reef Check program, for example, which operates 

with a standardized set of methods across several countries, uses the same day-time belt transects 

as are used for fish taxa (Hodgson et al., 1998). In this analysis I use data from a small pilot 

study and compare the ability of day and night belt transacts to detect coral reef invertebrate 

density and richness. I focus on the Central Philippines—a region where between a quarter and a 

third of the protein diet is obtained from macro-invertebrates examined in this study—snails, 

bivalves, urchins and crabs—(Kleiber et al., 2014) and where pressures on invertebrate taxa 

come in many forms. 

 

2.3 Methods 

2.3.1 Study Taxa 

I counted all non-coral, non-sponge macro-invertebrates greater than two centimetres in size 

(from here, referred to as “invertebrates”). Animals were identified to the finest taxonomic scale 

possible, however, the breadth of diversity in invertebrates often prevented species-level 

identification (and in some cases genus-level identification). For consistency in this analysis, I 

use family-level identification. Taxa were sorted into groups based on their exploitation status 

(exploited/non-exploited) and mobility (mobile/sessile). To determine the exploitation status of 
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each taxon, I consulted my local research assistants (who are fishers) as well as other local 

fishers. 

 

2.3.2 Study Site 

I sampled inside of Pinamgo marine reserve on Danajon Bank, Central Philippines. Danajon 

Bank is an approximately 1200-square-kilometre double-barrier reef in the north of Bohol 

Province. The region has particularly high levels of biodiversity and intensive human threats to 

the marine ecosystem (Anticamara et al., 2010; Selgrath et al., 2017). At the time of sampling, 

the reserve was 37.8 hectares and had been in place for 13 years. The reserve consisted mostly of 

corals as well as some seagrass, coral rubble and sand. 

 

2.3.3 Sampling Methods 

Sampling occurred in June, 2012. Sampling was divided into day-time and night-time scuba 

sampling. We conducted three 50 x 3 m haphazardly placed belt transects during the day and six 

50 x 3 m haphazardly placed belt transects at night for a total of nine separate transects. All 

sampling was conducted within the reserve. So as not to impact observed densities of mobile 

species during sampling, we laid transects at least three hours before each visual survey. Night-

time sampling began at least one hour after sunset and was conducted using mask-mounted and 

hand-held full spectrum dive lights. One trained biologist and one local research assistant with 

knowledge of local species and training in invertebrate identification completed the surveys. For 

each transect, we swam along the transect line, each surveying 1.5 m from centre line of the belt 

transect. We made two passes of each transect: a 15-minute survey for mobile species, followed 
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by a second, 30-minute pass for sessile species. Sampling was done at depths between 1 and 5 

metres and was concentrated on coral habitat. 

 

2.3.4 Data Analysis 

For day-time and night-time surveys, I calculated the mean density of individuals for each group 

(all taxa, exploited taxa, unexploited taxa, mobile taxa, sessile taxa) and their respective 95% 

confidence intervals. If confidence intervals for day and night surveys did not overlap, I 

considered there to be a significant difference in the abundance detected by the two methods. 

Conversely, if confidence intervals did overlap, there was not a significant difference. A 

MANOVA and univariate tests were not conducted because the of low samples sizes (i.e. 20+ 

taxon groups and only 9 total transects). 

 

To account for uneven sampling and non-linear patterns in species accumulation curves, I 

conducted a rarefaction extrapolation analysis which extends the rarefaction curves to their 

asymptote to estimate absolute diversity (Chao et al., 2014). For each data set, a total of 5000 

rarefaction sampling draws were made and bootstrapping was used to estimate confidence 

intervals around my estimates. Rarefaction analysis was completed using the iNext package in 

the R statistical environment (Chao et al., 2014; Hsieh et al., 2016; R Core Team, 2017). 

 

To understand the sampling effort required to detect 80% or 90% of families estimated from 

each sampling method (day vs night), I then generated taxon accumulation curves by number of 

animals sampled and reef area (m2). Accumulation curves were calculated within the iNext 

package (Chao et al., 2014; Hsieh et al., 2016). 
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2.4 Results 

Among all transects, we counted 6845 individual invertebrates with individual transect counts 

ranging from 216 to 1611. We detected a total of 33 families and individual transect family totals 

ranged from six to 22. Day-time sampling yielded 754 animals in 10 families along three 

transects (450 m2) for a total density of 1.68 animals/m2. Night samples yielded 5337 animals 

along six transects (900 m2) for a total density of 5.93 animals/m2 (Table 2.1 Invertebrate 

families detected during day-time and night-time transects and their mobility status. “x” indicates 

detection.. Summing across day and night surveys, bivalve and gastropod molluscs constituted 

most of the sample abundance, followed by malacostracan arthropods, annelids, and variety of 

families from the phyla echinodermata and platyhelminthes. 

 

There was no statistical difference in abundance between day and night surveys when 

considering all invertebrate taxa as a single group (Figure 2.1). Examining taxa by their 

exploitation and mobility status on the other hand, revealed significant differences. A single 

animal from an exploited family (a cardiid cockle) was found during day-time sampling across 

all transects (0.002 animals/m2), whereas at night, 908 animals from 15 exploited families were 

found (1.0 animal/m2), a 504 fold difference in density. Mobile taxa were found at densities 22.5 

times higher during night surveys (1489 from 22 families; 1.7 animals/m2) than day surveys (33 

animals from 4 families; 0.1 animals/m2). There was no significant difference in densities of 

unexploited and sessile taxa between day and night surveys. 
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Night sampling detected significantly more invertebrate families across all categories except for 

sessile and unexploited taxa (Figure 2.1). An asymptotic taxon richness value of 14.5 (10.5 - 

29.9, 95% CI) was estimated for day surveys compared with 36.1 (34.5 - 52.3, 95% CI) at 

night—a 2.5 fold difference. Day surveys almost never detected families collected in local 

fisheries (1 family) while night surveys had an estimated asymptotic richness value of 16 (15.1 – 

26.1, 95% CI).  

 

Mobile taxa asymptotic richness was estimated at 5.9 families (4.2 – 18.5, 95% CI) during the 

day and 24.7 (22.4 – 40.9, 95% CI) at night, a 4.2 fold difference. No difference was found in 

unexploited or sessile asymptotic family richness.  

 

Taxon accumulation curves indicate that day sampling requires surveying 1274 animals (Figure 

2.2) or 375 m2 of reef area (Figure 2.3) to achieve 80% detection of the day-time asymptotic 

family diversity. To achieve 90% detection, 2051 animals and 600 m2 or reef area is required. 

Night sampling, on the other hand, required approximately 2 and 2.5 times greater sampling 

effort for 80% and 90% thresholds, respectively but resulted in 2.5 times greater detection of 

invertebrate families than day surveys. 

 

2.5 Discussion 

Despite the preliminary nature of this study, the magnitude of difference between abundance and 

diversity values between day and night is notable. These results indicate that diurnal timing of 

surveys can have a significant impact on invertebrate abundance and richness estimates; 

particularly for exploited and mobile taxa. This has implications for management, biodiversity 
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research and conservation planning—disciplines that rely on abundance and richness sampling 

that has reasonable odds of detection (MacKenzie, 2006). In this MPA, for example, a 

practitioner using day-surveys would likely be unable to detect or monitor for trends in families 

that are an important component in local fisheries – fisheries that occur during the day in the 

shallow water areas (<1m) and largely at night in subtidal areas (see Chapters 1 & 5 for further 

description of these fisheries and taxa obtained in these fisheries). In my night surveys I detected 

many individuals and taxa that belong to these groups yet are “invisible” during day sampling. 

Sessile taxa (e.g. bivalves, burrowing annelids, etc.) did not suffer from this problem and were 

found at densities and richness levels no different between day and night sampling. This result 

should be expected as sessile individuals are unable to go into hiding during daylight hours and 

would have the same probability of detection regardless of sampling time. 

 

Implementing day-time survey methodology for invertebrate taxa is likely problematic, however 

the night-time alternative comes with significant challenges. Sampling at night, underwater, 

often in remote coral reef locations adds additional layers of logistical planning and complexity 

to field studies. Divers must use additional safety measures, hire experienced boat drivers who 

have a depth of knowledge in hazardous reef formations, and be aware of night-time weather 

patterns (on Danajon Bank, large storms frequently passed through with little warming shortly 

after sunset—the ideal time for after-dark surveys). My estimate for night-sampling coverage 

needed to reach 90% detection of invertebrate taxa in this MPA is substantial, particularly given 

the extra logistical requirements. Practitioners, must evaluate the trade-offs between these 

logistical challenges and obtaining good monitoring data for mobile and/or exploited 

invertebrates.  
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As threats to coral reef systems grow there is a need to detect and respond to populations in 

decline (Collen et al., 2008). Coral reefs are some of the most taxon-rich ecosystems on the 

planet and much of that richness is in invertebrates (Gibson et al., 2011). Understanding the 

status and trend for taxa that are typically under-researched and rarely the focus of conservation 

programming is a critical next step in detecting and addressing threats. This work encourages 

practitioners to re-examine their coral reef invertebrate sampling methodology so that they can 

maximize the effectiveness of their conservation work. 
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Table 2.1 Invertebrate families detected during day-time and night-time transects and their mobility status. 

“x” indicates detection. 

 

Family Day Night Mobility Family Day Night Mobility 

Amphiuridae x Mobile Penaeidae  x Mobile 

Cardiidae x x Sessile Phyllidiidae x Mobile 

Cerithiidae x 
 

Mobile Plakobranchidae x Mobile 

Cypraeidae x Mobile Portunidae  x Mobile 

Diadematidae x Mobile Pseudocerotidae x Mobile 

Diogenidae x Mobile Sabellidae x x Sessile 

Hippolytidae x Mobile Sepiidae 
 

x Mobile 

Holothuriidae x Mobile Spondylidae x Sessile 

Malleidae  x Sessile Stenopodidae x Mobile 

Mytilidae x x Sessile Stichopodidae x Mobile 

Ophiocomidae x x Mobile Synaptidae x x Mobile 

Ostereidae  x Sessile Turbinidae  x Mobile 

Paguroidea x Mobile Vermetidae x x Sessile 

Pectinidae x x Sessile Xanthidae  x Mobile 
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Figure 2.1 Mean density and family richness for five groupings of invertebrates (a. all taxa, b. exploited taxa, 

c. unexploited taxa, d. mobile taxa, and e. sessile taxa) by sampling method (day belt transects and night belt 

Family 
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transects). Error bars are 95% confidence intervals. Non-overlapping bars represent a significant difference 

between sampling methods and are noted with a “*”. Family richness estimates and associated confidence 

intervals were obtained from rarefaction extrapolation analysis where day and night-time data-sets were 

extrapolated to their asymptotes. 

  



27 

 

 

 

Figure 2.2 Taxon accumulation curves estimated from rarefaction, relative to number of individuals sampled. 

Dotted lines indicate 80% taxa detection and dashed lines indicate 90% taxa detection. Error ribbons are 

95% confidence intervals. Note difference in x-axis scale. 
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Figure 2.3 Taxon accumulation curves estimated from rarefaction, relative to area sampled. Dotted lines 

indicate 80% taxa detection and dashed lines indicate 90% taxa detection. Error ribbons are 95% confidence 

intervals. Note difference in x-axis scale. 
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Chapter 3: Tropical invertebrate response to marine reserves varies with 

protection duration, habitat type, and exploitation history 

 

3.1  Summary 

Macro-invertebrates play a critical role in marine processes, are important in global fisheries, and 

make up the vast majority of ocean biodiversity, yet are largely overlooked in fisheries stock 

assessment and conservation. Marine reserves are a heavily advocated method for promoting 

recovery of marine biodiversity but the design of reserves and the methods for evaluating their 

performance often neglect invertebrate taxa, instead assessing changes in fish abundance or 

biomass. The purpose of this study is to (1) measure the impacts of no-take marine reserves on 

marine macro-invertebrates, (2) identify the correlates of changes to macro-invertebrate 

abundance, and (3) determine if the typical taxa used to measure reserve success (finfish) can 

predict changes in invertebrate abundance. Non-coral, non-sponge, macro-invertebrates were 

sampled inside and immediately outside of 10 community-managed marine reserves in the 

Central Philippines and compared to abundances found at distant fished sites. Using generalized 

linear mixed effects models with multi-model inference, positive reserve effects were found in 

exploited invertebrate taxa both inside and outside of reserves (1.5 to 2.3 times greater 

abundances) but no effect was found in unfished taxa. Habitat composition and complexity were 

consistently associated with invertebrate abundance. Most surprisingly, invertebrate abundance 

was not consistently predicted by that of fish. These results indicate fish, in isolation, may not be 

an ideal indicator for biodiversity response to reserves and habitat considerations are important 

when creating reserves that support invertebrates. These results are particularly relevant to 
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practitioners in developing regions, where community-managed reserves are common and 

invertebrates are important in fisheries. 

 

3.2 Introduction 

Marine invertebrates make up over 95% of marine animal species diversity, so it is surprising 

that they—as a major component of fisheries catch—are largely overlooked in marine 

management and conservation (Collen et al., 2012). Their underrepresentation extends to IUCN 

conservation assessments (fewer than 3000 assessments, 38% of which are data deficient or no 

longer valid. For further analysis, see (Cardoso et al., 2012; IUCN, 2017) as well as evaluation 

and management within fisheries (Anderson et al., 2011; Perry et al., 1999). Commercial 

invertebrate fisheries experienced significant growth over the past six decades and the true scale 

of small-scale invertebrate fisheries in developing regions only recently began to emerge 

(Anderson et al., 2011; Kleiber et al., 2014; Palomares and Pauly, 2014). The most widespread 

extractive methods (dredging, benthic trawling) commonly result in impacts to habitat and have 

prompted a strong trend toward over-exploitation in many invertebrate taxa (Anderson et al., 

2011)—issues particularly acute in tropical, developing regions. In these regions, a combination 

of heavy reliance on invertebrates, lack of invertebrate conservation assessment and near absence 

of management of invertebrate fisheries suggests enormous opportunity for making 

improvements in their conservation and management (Cardoso et al., 2012; Collen et al., 2012). 

 

In responding to biodiversity loss, major policy suggests the creation of no-take marine reserves, 

particularly in regions where data and capacity for complex management remains unavailable 

(CBD, 2012; Gaines et al., 2010; Johannes, 1998). Analyses demonstrate that reserves frequently 
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offer significant, positive effects on fish abundance and biomass, and sometimes, positive effects 

on fisheries in surrounding areas (Gell and Roberts, 2003; Lester et al., 2009; Palumbi, 2003; 

Roberts et al., 2001). Reserves offer a data-less (or near data-less) management strategy 

(Johannes, 1998), making them popular case studies of biological response to local marine 

management (Russ et al., 2004; Samoilys et al., 2007). 

 

Analyses of marine reserves tend to concentrate on fish taxa and a handful of economically 

important invertebrates (Lester et al., 2009). Meta-analyses show large increases in the density, 

biomass, size and diversity of fish species (Lester et al., 2009; Mosquera et al., 2000), with the 

most pronounced recoveries in taxa important in fisheries (Côté et al., 2001). As with fish, there 

are some examples of economically important invertebrates (e.g. lobster) showing positive 

responses to reserves (Edgar and Barrett, 1999), but in many studies, invertebrates exhibit a 

combination of positive, negative and stable abundance trajectories after protection (Ashworth et 

al., 2004; Edgar and Barrett, 2012; Lester et al., 2009).  

 

Considering that invertebrates make up the majority of marine animal diversity, the mechanisms 

of their reserve response represent a gap in our understanding of reserve biodiversity impacts and 

may be useful in designing reserves that account for non-fish taxa (Sale et al., 2005). The factors 

influencing invertebrate response may include reserve placement, habitat, whether they are 

exploited in fisheries and species interactions. As other species within food webs increase in 

abundance, trophic and competitive interactions may be restored, resulting in a combination of 

positive and negative trends in invertebrate abundance (Babcock et al., 2010; Micheli et al., 

2005; Shears and Babcock, 2003). Habitat specialists, on the other hand may be more impacted 
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by changes in habitat types and quality (Cariglia et al., 2013; Dumas et al., 2013). Regardless of 

the drivers of differential responses among taxa inside of reserves, several examples of 

invertebrate responses in reserves show they do not match patterns observed in fish (Ashworth et 

al., 2004; Edgar and Barrett, 2012). With this in mind, a shift in approach away from one that 

emphasizes recovery to a more holistic one, where restored species interactions result in a 

combination of positive and negative abundance trajectories may be needed.  

 

The capacity of invertebrates to respond to marine reserves is of particular interest in developing 

regions where invertebrates comprise a major share of local fisheries and community managed 

marine reserves have become widely used as a strategy for conservation and fisheries 

management (White et al., 2002; Yasue et al., 2010). In the Coral Triangle, establishment of 

approximately 2000 no-take marine reserves helps protect habitat, improve fisheries and offers 

alternative forms of income through tourism (White et al., 2014). In the rural areas in this region, 

a significant portion of the protein diet comes from invertebrate catch (Kleiber et al., 2014), 

especially during times when weather becomes unfavourable for boat-intensive finfish fisheries 

(D. Kleiber, pers. comm., September 2014). Given this importance, the ability of marine reserves 

to influence invertebrate species has important local implications for both food security and for 

design of reserves that consider invertebrate taxa. In this study, a set of 10 marine reserves and 

three distant fished sites in the Central Philippines are used to examine the effects of reserve age, 

placement, habitat and fish abundance on marine invertebrate response to reserves. Using this 

information, I comment on how reserves could be better evaluated for their biodiversity effects 

and how reserves may be designed with invertebrates in mind. Very few studies have considered 

the response of all taxa of macro-invertebrates in marine reserves, regardless of their economic 
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value (Dumas et al., 2017; Jimenez et al., 2015; Jimenez et al., 2010) and this is the first study to 

do this in the coral triangle. 

 

3.3 Methods 

3.3.1 Study Taxa 

Non-coral, non-sponge, macro-invertebrates (from here, referred to as “invertebrates”) greater 

than two centimetres in size were counted (Table 3.1; see appendix A1 for taxon list with density 

by treatment). Unlike previous marine reserve work, which focused on species important in local 

fisheries, taxa were counted regardless of local value. Individuals were identified to the finest 

taxonomic scale possible, however, the breadth of diversity in invertebrates often prevented 

species-level identification (and even in some cases genus-level identification). For consistency 

in this analysis, family-level identification is used. Previous work has shown that family-level 

taxonomic resolution is sufficient to describe and detect patterns and changes in invertebrate 

assemblages (Jimenez et al., 2010). Several invertebrates in this analysis are heavily exploited in 

local fisheries (abalone, bivalves, crabs, etc.) while others (small sea slugs, brittlestars, 

flatworms, etc.) remain unexploited (see Table 3.1 for exploitation status). Invertebrate fisheries 

consist of intertidal collection (gleaning), skin diving (with and without crowbars for breaking 

apart corals), nets and traps for crabs and lobsters. To determine the exploitation status of each 

taxon, local research assistants (who are fishers) as well as other local fishers were consulted. 

 

3.3.2 Study Sites 

Reserve sites in 10 communities and three distant fished sites were sampled on Danajon Bank, an 

approximately 1200-square-kilometre double-barrier reef north of Bohol, Central Philippines 
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(Figure 3.1; see appendix A2 for site maps). The region has particularly high levels of 

biodiversity and intensive human threats to the marine ecosystem (Anticamara et al., 2010). 

Reserve sites were chosen to achieve a roughly evenly distributed temporal coverage of reserve 

ages ranging from 0 (distant fished sites) to 18 years since reserve establishment. Small island 

communities, with technical assistance from local government and non-governmental 

organizations, manage these permanently closed, no-take reserves, locally referred to as 

“sanktuaryo”. At the time of research, they ranged in size from 10.5 to 52.6 hectares and largely 

protected coral reef habitat. The three distant fished sites were chosen as ecologically similar 

comparisons to reserve sites—all, at minimum, two kilometres from the closest reserve site. 

These reserve sites and distant fished sites are surveyed as part of a long-running fish and habitat 

monitoring program (Samoilys et al., 2007). Areas sampled immediately outside of reserves 

were between 10 and 200 metres from the reserve boundaries. 

 

To account for spatial processes related to reserve placement such as population density and 

coastal run-off, the linear distance from each site to the closest major land mass with a major 

population centre was recorded. 

 

3.3.3 Sampling Design 

Sampling occurred from June through August 2013. At each reserve, six 50 x 3 m haphazardly 

placed belt transects were surveyed inside and six outside the reserve for a total of 12 transects 

per reserve. At each of the three distant fished sites, six 50 x 3 m haphazardly placed belt 

transects were surveyed. Transects were placed in similar habitats and were limited to 

predominantly reef crest and slope areas that included occasional, small patches of soft bottom 
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and seagrass. Each transect was placed at a depth between 1.5 and 5 m. So as not to impact 

observed densities of mobile species during sampling, transects were laid at least 3 hours before 

each visual census. A preliminary study (Chapter 2) showed that night-time surveys yielded 

significantly higher densities and greater taxonomic richness of invertebrates when compared to 

daytime surveys. As a result, sampling began at least one hour after sunset when invertebrate 

density and diversity increased. One trained biologist and one local research assistant with 

knowledge of local species and training in invertebrate identification carried out the surveys 

using scuba. Each diver used two high powered, full spectrum flashlights: one mask mounted 

and the second, handheld. For each transect, surveyors swam along the transect line, each 

surveying 1.5 m from centre line of the belt transect. Two passes were made of each transect: the 

first, a 15-minute survey for mobile species, followed by a second, 30-minute pass for sessile 

species. Using the flashlights, close inspections were made of crevices and underhangs in the 

reef. 

 

Habitat was characterized with two measures: structural complexity and coarse estimates of 

percentage cover of habitat types. Structural complexity was measured with a 10 m rugosity 

chain set at a random point (set with a random number table) on each transect. To account for 

finer-scale complexity not captured by the chain yet important invertebrate habitat (i.e. habitat 

for cryptic species), the depth of small crevices omitted by the rugosity chain was measured and 

doubled to simulate the distance the chain would cover had it been able to fit in the crevice and 

factored into the rugosity calculation. During each transect visual estimates of the percentage 

cover of seven habitat variables were estimated: algae, seagrass, sand and rubble, massive corals, 

branching corals, encrusting corals, dead corals and soft corals. After each transect, divers 
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discussed their estimates and agreed on a final percentage cover representative of the transect for 

each category. Live coral categories were summed to produce an estimate of percentage live 

coral cover. 

 

To complement the invertebrate data set, fish count data were obtained from the same sites to be 

used as a predictor variable in this analysis. Fish visual census data were obtained from an 

existing long-term monitoring program, collected in the 3 months preceding data collection for 

this study (available for 11 of the 13 sites) (see Samoilys et al., 2007 for survey methods). Fish 

surveys were carried out during the day when fish are generally more active on the reef. These 

abundance data were used in generalized linear mixed effects modelling. Fish species were 

sorted into three trophic groups based on mean trophic level obtained from FishBase (Froese and 

Pauly, 2017) and are listed in Table 3.2: bottom trophic species, mid-trophic species, and top-

trophic species. 

 

To understand the fisheries exploitation status of each invertebrate taxon, eight to 14 semi-

structured interviews were conducted with fishers in their native Cebuano language in each 

village associated with each of the reserve sites. A total of 110 interviews were conducted in 

which local fishers were asked about the types of fishing methods and gears they most 

commonly used and the invertebrate species they caught. In some cases, fishers were presented 

with a species photo-identification guide and asked if they caught particular taxa. Using this 

information, invertebrate taxa were sorted into exploitation history groupings (Table 3.1). 
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A set of reserve management criteria were measured to account for how these practices influence 

invertebrate response. Using a reserve scoring system developed in the Philippines by the 

Coastal Conservation and Education Foundation (CCEF) (Christie et al., 2006; White et al., 

2006), 40 reserve management criteria were evaluated (appendix A3). In each community, two to 

four management interviews were conducted, asking both reserve management board members 

as well as local fishers about management criteria. An index that expressed the percentage of 

management categories that were fulfilled was created so that reserves were not penalized for 

criteria that did not apply to their management schemes. Reserve characteristics and management 

scores are found in Table 3.3.  

 

3.3.4 Data Analysis 

A set of tests was used to check for outliers, test covariates for collinearity, check for 

independence of predictor variables, and choose a suitable set of predictor variables based upon 

variance inflation factor values (Zuur et al., 2010). To test covariates for collinearity, Pearson 

correlation coefficients were used. In all but one case, correlations between covariates was 0.5 or 

lower, the exception being between reserve age and the management index (0.68). Using the 

same set of potential covariates, the variance inflation factor (VIF) values were then calculated. 

The management index received the highest score (6.5) and was dropped from the set of 

potential covariates (Zuur et al., 2010). VIF values were recalculated and all covariates received 

scores of less than 2. Based on both the correlation coefficients and VIF values, the management 

index was removed from the models. The same procedure was repeated for the habitat 

percentage cover data set and the “sand and rubble” covariate was removed. Again, all remaining 

covariates received VIF values of less than 2. 
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Invertebrate abundance was modelled for three response groups: all invertebrate taxa, 

unexploited invertebrate taxa, and exploited invertebrate taxa. The influence of variation due to 

site level effects and overdispersion proved statistically significant, so a site-level random effect 

and an transect-level random effect were used in the model to account for this (Bolker et al., 

2009; Zuur et al., 2009). Models were run using the lme4 package, version 1.1-13 (Bates et al., 

2015), in the R statistical environment, version 3.0.3 (R Core Team, 2017). Multi-model 

inference was completed using the MuMIn package, version 1.15.6 (Bartoń, 2015). 

 

A global model was built using a set of standardized explanatory variables: reserve age, 

protections status (inside reserve, immediately outside reserve, distant fished site), habitat 

(percentage cover of live coral, rugosity), distance from land mass with major population centres, 

and fish abundance separated into low, medium, and high trophic taxa. Reserve age and 

protection status are included as an interaction term. Instead of choosing a single best model, a 

model averaging approach is used to select a set of top models and measure the average of effect 

sizes across models (Grueber et al., 2011). To do this, an information criterion approach was 

used to selected a set of top models that individually may not be indistinguishable in their ability 

to model the data. As overdispersed count data were being used, the models were ranked using 

QAICc (quasi-Akaike information criterion corrected for small samples) and the top ∆4QAICc 

models were kept. This yielded 19, 12 and 20 potential models for all invertebrate taxa, 

unexploited invertebrate taxa, and exploited invertebrate taxa, respectively (see appendices A4-

A6 for top candidate models). From these model sets average effect sizes were calculated for 

each of the predictor variables and a corresponding 95% confidence interval. In all cases, none of 
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the top models had a model weight greater than 0.9ω, indicating that averaging across models 

was appropriate in this analysis (Grueber et al., 2011). 

 

To understand the relationship between invertebrate abundance and percentage cover of different 

habitats, a similar modelling methodology was used as described above. This yielded 10, 10 and 

21 potential models for all invertebrate taxa, unexploited invertebrate taxa, and exploited 

invertebrate taxa, respectively (see appendices A7-A9 for top candidate models). Again, from 

these model sets, average effect sizes and a 95% confidence interval for each of the predictor 

variables was calculated. In all cases, none of the top models had a model weight greater than 

0.9ω, again indicating the appropriateness of this multi-model approach (Grueber et al., 2011). 

 

3.4 Results 

A total of 66 209 individual invertebrates from 74 families were counted inside and outside the 

10 marine reserves and three distant fished sites for a mean density of 3.2 individuals/m2. 

Individuals per transect ranged from 53 to more than 1600 and a mean of 23 families were 

detected per transect. Molluscs made up 56% of individuals counted, followed by arthropods 

(24%), echinoderms (12%), and annelids (8%). Forty-four percent of the families observed are 

collected in local fisheries, and individuals from these taxa accounted for 18% of the total 

abundance. 

 

3.4.1 Abundance trends for invertebrates, as a single group 

Examining invertebrates as a single group, protection status x age, distance from mainland, and 

fish density (at any trophic level) have no significant relationship with invertebrate abundance 
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while the habitat variables rugosity and live coral cover are positively related to abundance 

(Figure 3.2). The most parsimonious model (ω = 0.149) in the set of 17 models used for model 

averaging (appendix A4) contained the rugosity, live coral cover, and low-trophic fish abundance 

variables. Two variables were present in all 17 models: rugosity and live coral cover. 

 

Analysis of the relationship between total invertebrate abundance and percentage cover of habitat 

types shows significant positive relationships between invertebrates and each of algae, branching 

coral, massive coral, and seagrass. Dead coral, encrusting coral, and soft coral had no significant 

relationship with invertebrate abundance (Figure 3.3). The most parsimonious model (ω = 0.226) 

of the set of 10 used for model averaging (appendix A7) contained algae, branching coral, 

massive coral, and seagrass. Branching coral, massive coral, and seagrass were found in all 10 

top models. 

 

3.4.2 Unexploited taxa 

As with total invertebrate abundance, unexploited taxa appear unaffected by protection status 

and distance from mainland (Figure 3.2). Rugosity and live coral cover were positively 

associated with higher unfished invertebrate abundance. Unlike the “all taxa” grouping, 

abundance of fish showed some predictive power of unexploited invertebrate abundance. The 

low-trophic fish abundance group was positively associated with this groups’ abundance, 

however, top and mid trophic fish abundance had no relationship. The most parsimonious model 

(ω = 0.237) out of the set of 9 top models contained rugosity, live coral, and low trophic fish 

abundance cover as contributing variables (appendix A5). Rugosity and live coral cover were 

found in all top models, while low trophic fish abundance was found in 6 of the top 9 models. 
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Following the same pattern observed in the “all invertebrate families” grouping, there were 

positive relationships between unfished invertebrate abundance and the percentage cover of 

algae, branching coral, massive coral, and seagrass (Figure 3.3). The most parsimonious model 

(ω = 0.203) of the set of 10 models used for model averaging contained algae, branching coral, 

dead coral, massive coral, and seagrass as predictive variables (appendix A8). Percentage cover 

of branching coral, massive coral and seagrass were found in all 10 models. 

 

3.4.3 Exploited taxa 

The protection status x reserve age interaction term was associated with higher abundances of 

exploited invertebrates both within reserves and in areas immediately outside them, as compared 

to distant fished sites. The magnitude of this positive effect on invertebrate abundance was 54 

and 130 percent higher density, respectively, with significant overlap in confidence intervals 

between inside and outside areas. Like the all invertebrates and unfished invertebrates groupings, 

rugosity was a significant positive predictor of abundance. Live coral cover, distance from 

mainland and the fish variables on the other hand, were not significant predictors of fished 

invertebrate abundance. The most parsimonious model (ω = 0.096) of the 22 models used for 

model averaging contained two variables: protection status x reserve age and rugosity (appendix 

A6). Only rugosity was present in all 22 models. 

 

The branching coral and seagrass percentage cover variables were significant predictors of fished 

invertebrate abundance (Figure 3.3). Unlike the other invertebrate groupings, algae and massive 

coral were not statistically important for predicting fished invertebrate abundance. A total of 21 
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top models were used for model averaging (appendix A9). The most parsimonious model (ω = 

0.106) contained branching coral, dead coral, and seagrass as explanatory variables. Branching 

coral and seagrass were found in all 21 top models. 

 

 

3.5 Discussion 

Marine invertebrate abundance in this study is associated with habitat characteristics, sometimes 

by presence of reserves and rarely by numbers of fish—the last being the typical metric of 

reserve effectiveness (e.g. Halpern, 2003; Lester et al., 2009). Furthermore, it was found that 

reserve protection appears to positively impact invertebrates that are exploited in adjacent 

fisheries and this effect is present both inside and immediately outside of reserves, suggesting 

potential spillover effects from reserves into adjacent areas. Habitat effects vary slightly by 

group but structural complexity consistently relates to higher invertebrate abundance. Reef fish 

abundance, does not consistently predict invertebrate patterns of abundance in this study. In 

tropical developing regions, reef invertebrates are important to local fisheries (Dalzell et al., 

1996; Kleiber et al., 2015) and this work underscores the importance of designing reserves that 

address the requirements of both fish and invertebrates. Given the significance of invertebrates as 

contributors to biodiversity, ecosystem function and to fisheries, these results demonstrate a need 

for increased invertebrate attention in marine reserve planning, monitoring and species 

conservation. 

 

The enormous diversity of life history strategies, morphologies and historical fishing pressures 

among groups of invertebrates make it no surprise that pooled, as a single group, invertebrates 
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fail to show a statistically significant response to reserves. Instead, a combination of protection, 

habitat characteristics and exploitation history affects whether a taxon responds to reserves. The 

result that exploited invertebrates show a reserve response aligns with several previous 

invertebrate studies (Benzoni et al., 2006; Cariglia et al., 2013; Dumas et al., 2013). This positive 

reserve response in exploited taxa is not the rule, as in other cases a combination of negative or 

neutral effects have been found across exploited taxa (Ashworth et al., 2004; Edgar and Barrett, 

2012). The reserve effect that was observed in areas immediately outside protected sites may be 

due to spillover of mobile taxa and is unlikely due to larval processes which typically work on 

larger spatial scales than those considered in this study (Shanks, 2009). The impacts of fishing 

pressures immediately outside many reserves (i.e. fishing the line) appear to have lesser impact 

on adjacent areas than spillover. The lack of reserve response in many invertebrates in this study 

may be a result of restored trophic or competitive interactions, a lack of exploitation history, 

Allee effects, small reserve size, or simply that some taxa have not had sufficient time to respond 

to removal of fishing pressures (Babcock et al., 2010). 

 

Reserve placement relative to human impacts is often an important predictor of biological 

recovery with reserves far from human population centres exhibiting the strongest recovery 

response (Edgar et al., 2014). While these results indicate a positive trend with reserve distance 

from major human settlement, the trend was not statistically significant. This positive (yet non-

significant) trend may be the result of decreasing fishing pressures with increased distance from 

land. It may also be a result of environmental factors such as elevated sediment levels closer to 

land and estuaries. High sediment levels have been observed along Danajon Bank and may be 

due to runoff from Bohol, the closest major island to the double barrier reef.  



44 

 

 

My finding that complex habitat and live coral cover is often associated with higher invertebrate 

abundance is not surprising in light of the close association between epibenthic organisms and 

physical structures on which they live (Canion and Heck Jr, 2009; Heck et al., 2003; Orth et al., 

1984; Stoner, 1980). Corals and the small crevices between them serve as locations for important 

life history events (reproduction, feeding) and as protection from predators (Dumas et al., 2013; 

Graham and Nash, 2013; Heck et al., 2003). The importance of habitat in predicting invertebrate 

numbers suggests that complex, live benthic substrate is likely a key factor in determining 

whether there will be a reserve effect (McClanahan, 1994). This result is further borne out in the 

finding that percentage cover of branching coral is positively associated with invertebrate 

abundance across all groupings in this analysis. During surveys, invertebrate “hot-spot” areas 

both inside and outside reserves were observed which appeared to be associated with structurally 

complex habitat and high live coral cover. Changes in coral cover and composition within 

reserves are often difficult to detect, particularly over short time scales (Lester et al., 2009). 

Assuming that coral composition and cover changes within reserves over time and destructive 

fishing is reduced immediately outside reserves, temporal changes in invertebrate abundance 

may be a result of both release from exploitation and regrowth of corals. This may also explain 

the lack of response in unexploited species within and around reserves. While exploited species 

are released from fishing pressure, unexploited species may have to first wait for improvements 

in coral habitat (McClanahan, 1994). Restoration of trophic interactions is commonly observed 

in marine systems receiving protection (Pinnegar et al., 2000) and the lack of response of some 

taxa in this study may be the result of increased predatory pressures from recovering taxa. 
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The relationships found between habitat percentage cover and invertebrate abundance is 

consistent with previous work on the use of physical habitats and animal abundance across 

diverse taxa (Hughes and Ward, 1993; McClanahan, 1994; Nonacs and Dill, 1990; Orth et al., 

1984; Stoner, 1980). In aquatic systems, macroalgae are a platform for diverse herbivore 

communities and complex ecological interactions (Lubchenco and Gaines, 1981). Here, the 

finding that unexploited taxa are positively associated with algal cover is borne out by large 

numbers of small herbivorous snails that feed on epiphytes found on the surface of macroalgae. 

Similarly, the relationship between unexploited invertebrates and massive corals may be driven 

by burrowing taxa (e.g. serpulids, sabellids, muricids) that are not captured in fisheries. The 

finding that seagrass percentage cover is consistently associated with higher invertebrate 

numbers is of interest given that species living on seagrass shoots fall outside of the minimum 

size threshold for counting in the visual census surveys. This would seem to suggest that the 

presence of seagrass is positively associated with higher invertebrate numbers in adjacent 

habitats. The mechanism is unclear but may be a related to high levels of epiphytic primary and 

associated secondary production or cover from predation during juvenile life stages (Hall and 

Bell, 1988; Orth and Van Montfrans, 1984; Terrados and Borum, 2004). 

 

Fish are the common metric for reserve performance yet the results indicate that the number of 

fish is seldom associated with invertebrate abundance at sample sites. This is contrary to an 

expectation that changes in fish abundance coincide with shifts in abundance in other taxa. For 

example, an overall increase in the number of fish would seem to indicate recovery (or partial 

recovery) of a system. Conversely an increase in predatory fish would result in increased 

predation pressures on prey species and result in a decline in those species (Pinnegar et al., 
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2000). In the case of the latter, a negative relationship would be expected between mid and top-

trophic fish species and invertebrates. These relationships likely exist at much finer, 

species:species scale than can be captured by the coarse-scale groupings of taxa used in this 

analysis. The finding that unfished invertebrate abundance is positively associated with low-

trophic fish abundance may be a further indication of recovery across low trophic species not 

important in fisheries. Despite the near absence of relationships between fish groupings and 

invertebrates, in the reserve literature it is not uncommon to see the terms “fish abundance” and 

“fish species richness” used interchangeably with the term “biodiversity” (e.g. Edgar et al., 

2014). This analysis leads us to believe that further studies would benefit from avoiding the 

assumption that fish are representative of changes to broader ecosystem biodiversity. 

 

The importance of considering both fish and invertebrates in reserve assessment and design will 

likely be of significant importance in tropical developing regions where both marine finfish and 

invertebrates are heavily exploited. During low tides and in shallow reef areas, gleaning and skin 

diving (often using metal rods to break coral apart to find invertebrates) are popular methods for 

obtaining invertebrate catch (Kleiber et al., 2015). These activities are largely carried out by 

women, children and the elderly and contribute to household food security (Kleiber et al., 2014). 

This work shows that a reserve response exists for exploited species both inside and immediately 

outside of reserves which indicates a potential positive fisheries outcome as a result of the 

reserves. This is serendipitous as reserves in the region are typically designed as a tool to 

supplement finfish stocks (White et al., 2002), despite the importance of invertebrates in local 

diets. Between a quarter and third of the protein diet at the sample sites in this study is obtained 

from invertebrate catch (Kleiber et al., 2014). Explicitly incorporating invertebrates into reserve 
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planning and including areas both farther away from the mainland and with complex habitat (or 

with potential for recovery of complex habitat) may further increase effects on invertebrate 

abundance and fisheries. 

 

Marine reserves are often created with a set of goals in mind, the most popular being biodiversity 

protection and fisheries sustainability (Holland, 2002). As both the scale of invertebrate 

biodiversity and invertebrate fisheries becomes more apparent, marine managers must begin to 

consider the need for monitoring and conservation planning beyond finfish. This analysis 

suggests that there are positive impacts on exploited invertebrate groups inside and immediately 

outside reserves but also that other factors are important for positive responses. Many 

invertebrates are closely associated with the physical structure of bottom habitat and protection 

of complex habitat on the reef crest is important. It is therefore critical that reserve planners 

prioritize protection of areas with habitat attributes associated with invertebrate recovery (or 

areas with good potential for recovery of these attributes): live coral cover, seagrass, and 

structurally complexity. This analysis also has implications for how marine reserves are assessed 

since change in fish abundance is a typical indicator of biodiversity response to marine reserves. 

Given the roles played by invertebrates in ecosystems and their importance in fisheries, closer 

examination of invertebrates in marine reserve assessment and their inclusion in reserve planning 

should become a priority. 
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Table 3.1 Invertebrate families († superfamily) censused in this study and their respective exploitation status 

Phylum Family Exploited? 
 

Phylum Family Exploited? 

Annelida Sabellidae N 
 

Mollusca Cassidae Y 

Serpulidae N 
 

Chromodorididae N 

Arthropoda Calappidae Y 
 

Conidae N 

Diogenidae N 
 

Cypraeidae Y 

Dromiidae Y 
 

Discodorididae N 

Ethusidae N 
 

Fasciolariidae Y 

Hippolytidae N 
 

Gryphaeidae Y 

Inachidae N 
 

Haliotidae Y 

Majidae N 
 

Hexabranchidae N 

Majoidea N 
 

Limidae N 

Paguroidea†  N 
 

Loliginidae Y 

Parthenopidae N 
 

Malleidae Y 

Penaeidae N 
 

Muricidae Y 

Portunidae Y 
 

Mytilidae N 

Scyllaridae Y 
 

Naticidae Y 

Stenopodidae† N 
 

Octopodidae Y 

Xanthidae Y 
 

Ostreidae Y 

Echinodermata Acanthasteridae N 
 

Pectinidae Y 

Amphiuridae N 
 

Phyllidiidae N 

Asteropseidae N 
 

Pinnidae Y 

Comasteridae N 
 

Plakobranchidae N 

Cucumariidae N 
 

Plearobranchidae N 

Diadematidae N 
 

Polyceridae N 

Echinometridae N 
 

Pteriidae Y 

Eurypatagidae N 
 

Ranellidae Y 

Gorgonocephalidae N 
 

Sepiidae Y 

Holothuriidae Y 
 

Sepiolidae N 

Mithrodiidae N 
 

Spondylidae Y 

Ophiocomidae  N 
 

Strombidae Y 

Oreasteridae N 
 

Tonnidae Y 

Stichopodidae Y 
 

Trochidae Y 

Synaptidae N 
 

Turbinidae Y 

Temnoplearidae N 
 

Velutinidae N 

Mollusca Aplysiidae Y 
 

Vermetidae N 

Arcidae N 
 

Volutidae Y 

Cardiidae Y 
 

Platyhelminthes Pseudocerotidae N 
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Table 3.2 Fish family trophic groupings used in this study. Numbers in brackets indicate mean family trophic 

level obtained from FishBase 

Low trophic fish families Mid trophic fish families Top trophic fish families 

Acanthuridae (2.3) Balistidae (3.4) Lutjanidae (4) 

Pomacanthidae (2.8) Caesionidae (3.4) Synodontidae (4.3) 

Pomacentridae (2.8) Chaetodontidae (3.2)  

Scaridae (2) Cirrhitidae (3.7)  

Siganidae (2.3) Haemulidae (3.6)  

 Holocentridae (3.6) 

 Labridae (3.5)  

 Lethrinidae (3.7) 

 Mullidae (3.5) 

 Nemipteridae (3.6) 

 Serranidae (3.9) 
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Table 3.3 Characteristics of reserves used in this study. Letters beside reserve names correspond with reserve 

IDs in figure 3.1 

Reserve Age (yrs) Size (ha) Management score 

Matabao (A) 2 52.6 69.8 

Tugas (B) 5 10.4 58.8 

Busalian (C) 6 17.4 49.0 

Bantiguian (D) 9 10.6 64.5 

Jandayan Norte (E) 11 24.9 47.5 

Pinamgo (F) 13 37.8 54.4 

Bilang-Bilangan West (G) 14 10.5 62.7 

Batasan (H) 14 21.0 62.5 

Cataban (I) 17 19.9 72.5 

Handumon (J) 18 50.0 73.8 
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Figure 3.1 The Danajon Bank region of the Central Philippines. The Danajon Bank is a rare double-barrier 

reef formation to the north of Bohol, Philippines. Letter codes indicate sample sites. Letters are sorted by how 

recently a marine reserve was established (e.g. A = youngest reserve sampled). “DF” codes are distant fished 

sites. 
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Figure 3.2 Model-averaged effect sizes with 95% confidence intervals for mixed effects models. Confidence 

intervals that do not intersect with zero (black bars) indicate the presence of an effect on invertebrate 

abundance. The reference category for protection status variables is “distant fished sites”. Distant fished sites 

are areas far from the marine reserves and are not subject to spillover effects or “fishing the line” effects. 
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Figure 3.3 Model-averaged effect sizes with 95% confidence intervals for mixed effects models for habitat 

percent cover. Confidence intervals that do not intersect with zero (black bars) indicate the presence of an 

effect on invertebrate abundance. 
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Chapter 4: Marine reserves drive both taxonomic and functional change in 

coral reef invertebrate communities 

 

4.1  Summary 

A leading argument for no-take marine protected area (marine reserve) establishment is their 

contribution to the conservation of biodiversity, but the impacts of reserves on ecosystem 

functioning have seldom been quantified. This is unusual given the value of services provided by 

ocean ecosystems to human well-being. While no single index can describe ecosystem function, 

a set of life-history attributes possessed by taxa can be used to infer differences in ecosystem 

function across space and time. In this study, I use Biological Trait Analysis (BTA) to determine 

whether the attributes of invertebrate taxa differ between inside of six no-take marine reserves 

and outside, in fished areas in the Central Philippines. Using permutational multivariate analyses, 

I found that the composition of traits and taxa were significantly different between reserve and 

non-reserve areas. Habitat use, morphology and mobility traits were the biggest contributors to 

dissimilarity, indicating that reserves can have community-wide effects that change the 

functional composition of invertebrate assemblages. Notably, traits associated with coral habitat 

use, bearing a shell, lacking mobility and filter feeding are the most important traits associated 

with differences in community structure between reserve and non-reserve areas. At the taxa 

composition level, small shrimps, three families of bivalve, two families of burrowing snails and 

brittle stars are the most important contributors to differences in taxonomic community 

composition. The addition of organismal attributes to traditional taxa composition approaches 
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provides richer insight into how ecosystems respond to protection and has the potential to inform 

practitioners on conserving for ecosystem traits. 

 

4.2 Introduction 

Many marine systems have undergone significant changes in biodiversity and functioning as a 

result of habitat disturbance and fishing, jeopardizing their ability to provide services important 

to humans (Cardinale et al., 2012). On some Caribbean reefs, loss of herbivores contributed to a 

shift from coral to algae and cyanobacteria dominated substrates (de Bakker et al., 2017; 

Knowlton and Jackson, 2008; McCook et al., 2001), resulting in coral mortality, loss of stony 

habitats and reduction in species important in local fisheries (Jackson et al., 2014). Depletion of 

oysters in Chesapeake Bay resulted in substantial loss of water filtration capacity linked to 

reductions in water quality (Newell, 1988). These ecosystem changes are further complicated by 

previously hidden interactions elsewhere in food webs resulting in cascading effects in other taxa 

(Eddy et al., 2017; Shears and Babcock, 2003, 2002; Travis et al., 2013). The current prevalence 

of active gears like trawls can often result in reductions in biomass, diversity, body size and 

alterations in the trait composition (e.g. reduction in filter feeders and larger animals in impacted 

areas) present in marine communities (Tillin et al., 2006). The consequences of the loss of 

services provided by species (e.g. herbivory, filtration, habitat creation) underscores the 

importance of considering how ecosystems respond to pressures and managing for the 

conservation of ecosystem function(Shears and Babcock, 2003). 

 

The functioning of ecosystems can be described in many ways and no single index is capable of 

quantifying the many processes, interactions, and services present (Darling et al., 2012; Giller et 
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al., 2004). The term “ecosystem functioning” varies in definition but can include measures of 

energy or material flow through food webs (Dıaz and Cabido, 2001) and the processes (e.g. 

filtration, nutrient cycling) that occur in ecosystems (Bengtsson, 1998; Naeem, 2004). Many of 

these flows of energy, material or processes can be inferred by examining the characteristics of 

organisms living in the system (Bremner et al., 2003a, 2003b). Biological Trait Analysis (BTA) 

attempts to do this by describing ecosystem functioning based on traits possessed by members of 

biological assemblages (Bremner et al., 2006a). By scoring taxa on a multiple traits relating to 

their life history, behaviour, and morphology, the relative presence of ecosystem processes can 

be compared over time and space—a critical step in accounting for hidden processes that may 

impact ecosystems and human well-being (Cardinale et al., 2012; Gagic et al., 2015; Travis et 

al., 2013). In terrestrial ecology, for example, trait based analysis has been successfully used to 

link functional traits across taxa in plant systems to resource availability and disturbance 

(Lavorel and Garnier, 2002). Until recently, BTA has typically been used to describe functional 

differences in plant and freshwater invertebrate communities living in varying abiotic conditions 

(Castella and Speight, 1996). Despite strong interest in incorporating functional traits in MPA 

design and management (Frid et al., 2008), to my knowledge, BTA has been applied few times in 

the context of MPAs (Coleman et al., 2015; Haizea Jimenez et al., 2015).  

 

Invertebrates play diverse roles in ecosystem functioning but are often overlooked in marine 

reserve and conservation science (Donaldson et al., 2016; Ricard et al., 2012). This is surprising, 

given the global scale of invertebrate fisheries and the expansion of these fisheries in recent 

decades both in biomass and number of taxa fished (Anderson et al., 2011). These species 

provide numerous services including water filtration, bioturbation, benthic-pelagic coupling, and 
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creation of hard habitat (Anderson et al., 2011; Eddy et al., 2017). However, many of these traits 

are associated with increased vulnerability to fisheries: low mobility, surface dwelling, long 

lifespans, suspension feeding and large body size (Bremner et al., 2003b; Cesar and Frid, 2009; 

Dulvy et al., 2003). Determining whether community structure is different between reserve and 

non-reserve areas has been examined frequently and many studies have found taxonomic and 

community differences between reserve and non-reserve areas (Babcock et al., 1999; Dumas et 

al., 2013; Jimenez et al., 2015; Lasiak and Field, 1995; Powell et al., 2014). These studies can be 

useful for identifying the species that drive differences in communities but often do not quantify 

what traits or functions differ between the systems. 

 

Marine reserves are a popular tool for rebuilding ecosystems impacted by fisheries but current 

metrics of reserve success often emphasize change in abundance of economically important fish 

species rather than ecosystem processes and services (e.g. Côté et al., 2001; Lester et al., 2009). 

And while the current metrics provide strong evidence that reserves can contribute to increases in 

abundance, biomass and diversity, the changes in the presence of traits possessed by those 

species are often not quantified. There is evidence that life history traits like larger body size and 

adult longevity begin to increase in reserves, however these changes can take much longer to 

appear than increases in biomass and abundance (McClanahan and Graham, 2015). Animal size 

and longevity are indicators of higher extinction risk in marine species (Dulvy et al., 2003) but 

increases in the presence of these traits may not be indicative of broader functional changes 

(Bremner et al., 2006a). 
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The capacity of invertebrates in marine reserves to contribute to coastal ecosystem functioning is 

of particular interest in developing regions where invertebrates comprise a major share of local 

fisheries and marine reserves are widely used as a strategy for conservation and fisheries 

management (White et al., 2002; Yasue et al., 2010). In the coral triangle, approximately 2000, 

usually very small no-take marine reserves have been established with the purpose of protecting 

habitat, improving fisheries and offering alternative forms of income through tourism (White et 

al., 2014). In the rural areas in this region, a significant portion of the protein diet comes from 

invertebrate catch (Kleiber et al., 2015), especially during times when weather becomes 

unfavourable for boat-intensive finfish fisheries (Kleiber et al., 2014) . Given this importance, 

the ability of marine reserves to impact invertebrates and the functions they contribute to has 

important local implications. 

 

In this study, I use a set of six marine reserves in the Central Philippines to examine the effects 

of reserves on the trait and taxon structure of invertebrate communities. Using this information, I 

comment on how reserves could be better evaluated for their biodiversity effects. 

 

4.3 Methods 

4.3.1 Study taxa 

I counted all non-coral, non-sponge macro-invertebrates (from here, referred to simply as 

“invertebrates”) greater than two centimetres in length. Individuals were identified to the finest 

taxonomic scale possible, however, the breadth of diversity in invertebrates often prevented 

species-level identification (and even in some cases genus-level identification). For consistency 

in this analysis I use family-level identification. Despite challenges presented by Linnaean 
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classification (Bertrand et al., 2006), a body of previous work has shown that family-level 

taxonomic resolution is often sufficient to describe and detect patterns and changes in 

invertebrate assemblages (Jimenez et al., 2010; Olsgard and Somerfield, 2000; Vanderklift et al., 

1998). Many invertebrates in this analysis are heavily exploited in local fisheries (abalone, 

bivalves, crabs, etc.) while others (sea slugs, brittle stars, flatworms, etc.) remain unexploited. To 

determine the exploitation status of each taxon, local research assistants (who are fishers) as well 

as other local fishers were consulted. A complete list of sample taxa is found in appendix A1. 

 

4.3.2 Study sites 

I studied six no-take reserve sites on Danajon Bank, an approximately 1200-square-kilometre 

double-barrier reef north of Bohol, Central Philippines (Figure 4.1). Reserves were grouped into 

three regions off the coast of Bohol: two on the northern coast; two on the north-western coast; 

and two on the western coast. In each of the three regions, I also sampled a “distant fished 

site”—sites, at minimum, two kilometres from the closest reserve sites and were evaluated as 

containing similar habitat at the time of reserve establishment. The region has particularly high 

levels of biodiversity and intensive human threats to the marine ecosystem (Anticamara et al., 

2010; Carpenter and Springer, 2005; White et al., 2006). I chose reserves established for at least 

10 years as protection effects have often been found to take several years before their effects are 

measurable (McClanahan, 2014). My six sites ranged in age from 10 to 18 years since 

establishment and were all located adjacent to island communities. These communities, with 

technical assistance from local government and non-governmental organizations, manage these 

reserves, locally referred to as “sanktuaryo”. At the time of research, they ranged in size from 

10.5 to 50 hectares and largely consisted of coral reef, soft bottom, and seagrass habitat.  
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4.3.3 Sampling design 

Sampling occurred from June through August 2013. At each reserve, we conducted six 50 x 3 m 

haphazardly placed belt transects inside and six outside the reserve for a total of 12 transects per 

reserve. At each of the three distant fished sites, six 50 x 3 m haphazardly placed belt transects 

were surveyed. Areas sampled immediately outside of reserves were between 10 and 200 metres 

from the reserve boundaries. Transects were at a depth of between 1 and 4 metres and in all cases 

were placed in similar habitats (predominantly reef crest and slope areas that included small 

patches of soft bottom and seagrass). So as not to impact observed densities of mobile species 

during sampling, we laid transects at least three hours before each visual census. A preliminary 

study (Chapter 2) showed that nighttime surveys yielded significantly higher densities and 

greater taxonomic richness of invertebrates when compared to daytime surveys. As a result, we 

chose to begin our sampling at least one hour after sunset when invertebrate density and diversity 

increased. Each diver used two high powered, full spectrum flashlights: one mask mounted and 

the second, handheld. The senior author and one Filipino research assistant with knowledge of 

local species and training in invertebrate identification did the surveys. For each transect, we 

swam along the transect line, each surveying 1.5 m from the centre line of the belt transect. We 

made two passes of each transect: a 15-minute survey for mobile species and a 30-minute pass 

for sessile species. When we encountered an area containing a very high density (hundreds) of a 

single taxon, we counted individuals within a limited section of that area and then extrapolated to 

the larger area. We used this approach infrequently and in situations where, for example, a high 

density of small snails or serpulid worms was encountered. 
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Habitat was characterized using coarse estimates of percentage cover of habitat types. During 

each transect, visual estimates of the percentage cover of seven habitat variables were estimated: 

algae, seagrass, sand and rubble, massive corals, branching corals, encrusting corals, dead corals 

and soft corals. After each transect, divers discussed their estimates and agreed on a final 

percentage cover representative of the transect for each category. 

 

4.3.4 Biological Trait Description and Scoring 

For each taxonomic family in my data set I assigned a set of scores based on life history, feeding 

habits, and morphology (Bremner et al., 2006; Jimenez et al., 2015). I chose 11 traits to 

characterize my set of taxa and then further divided these traits into 43 trait categories (Table 

4.1), largely mimicking Jimenez et al. (2015) so as to allow comparisons. I used fuzzy-coding 

approach to score categories within each trait as this scoring method allows for use of diverse 

kinds of biological information derived from a variety of sources (Chevene et al., 1994). For 

each trait, a taxon could receive a maximum score of 3, distributed across its categories. A score 

of 0 indicated no affinity to a trait category and 3 signified total affinity. For example, an 

organism that is largely predatory but is occasionally known to scavenge was given a score of 

“2” in the predator category and “1” in the scavenger category. In this case, the deposit-feeder, 

grazer, and suspension-feeder categories all receive a score of “0”. I based scoring on a variety of 

sources, including published and grey literature and field observations. Where information was 

unavailable for a particular category, I assigned a score of 0. Scores were then multiplied by the 

abundance of that taxon for each transect, creating a matrix best described as being composed of 

“trait abundances”. 
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4.3.5 Data Analysis 

To detect differences in the trait and family and habitat cover composition among reserve, non-

reserve, and distant fished areas, I used a combination of ordination (MDS) with 95% confidence 

ellipses, permutational multivariate analysis of variance (PERMANOVA) and analysis of 

similarity percentages (SIMPER). To estimate the relationship between the biological 

community and the habitat characteristics, I used a relational analysis. The majority of analysis 

was done in Primer (v.6.1.16) with the PERMANOVA extension (v 1.0.6) (Clarke and Gorley, 

2006). MDS bootstrapping and 95% confidence ellipse estimation was conducted in Primer 

version 7 (7.0.13) (Clarke and Gorley, 2015). 

 

A set of tests was used to check for outliers, test covariates for collinearity, test for homogeneity 

of variance, check for independence of predictor variables, and choose a suitable set of predictor 

variables based upon variance inflation factor values (Zuur et al., 2010). 

 

Before analysis, trait occurrence and family abundance matrices were square-root transformed to 

avoid over-emphasizing abundant or rare trait categories or families (Clarke and Green, 1988). 

The biological data sets (trait and taxon) were each transformed into Bray-Curtis similarity 

matrices with resemblance between transects being measured. Multi-dimensional scaling with 

95% confidence ellipses were used to visualize differences between reserve, non-reserve, and 

distant fished areas. To generate the ellipses, community structure and habitat resemblance 

matrices were bootstrapped 100 times at each treatment level. Ordination points were plotted in 

2-d space with smoothed 95% region estimates (“confidence ellipses”) for each treatment level.  
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For my primary, whole dataset analysis, I conducted two hierarchical PERMANOVA analyses, 

each with 9999 permutations: one on the trait resemblance matrix and the second on the taxon 

resemblance matrix. I used a single fixed effect with three levels: inside the reserve, outside the 

reserve, and distance fished site. To account for spatial autocorrelation, I applied a site-level 

random effect nested within a regional random effect. The regional effect was applied because 

sites spatially cluster into three regions (Figure 4.2). To evaluate statistical significance I used 

the treatment x site nested within region interaction term. Because of the unbalanced design (6 

reserve sites and 3 distant fished sites), pairwise comparisons between treatment levels in the 

global models were not possible. To examine these pairwise relationships, I conducted a post-

hoc PERMANOVA for each reserve individually, comparing among inside the reserve, outside 

the reserve, and the distant fished site corresponding to that region. 

 

I explored the trait and taxon based characteristics of difference in community composition using 

SIMPER. This analysis does not test the statistical significance of differences in community 

structure, but partitions Bray-Curtis dissimilarity for groups being compared and helps explain 

which traits or taxa are most relevant in differentiating communities. I used a one-way test using 

protection status as the level of comparison. 

 

To estimate relationships between biological community structure and habitat percent cover, I 

used the RELATE routine to estimate the amount of variation in the community structure matrix 

that is explained by the habitat cover matrix.  

 

The map of the study region was produced in QGIS (QGIS Development Team, 2014). 
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4.4 Results 

4.4.1 Taxon composition 

We observed 51 363 individual invertebrates from 74 families inside and outside six marine 

reserves for a mean density of 3.8 individuals m-2 (s.e. 0.23). Individuals per transect ranged 

from 133 to more than 1600 and we detected a mean of 23.4 families per transect (s.e. 0.40). 

Molluscs made up 58% of individuals counted (mean 215.1 individuals per transect, s.e. 20.27), 

followed by arthropods (23%, mean 128.5 individuals per transect, s.e. 17.58), echinoderms 

(12%, mean 66.7 individuals per transect, s.e. 8.34), and annelids (7%, mean 41.3 individuals per 

transect, s.e. 4.14). Forty-four percent of the families observed contain species that are collected 

in local fisheries, and individuals from these taxa accounted for 17% of the total abundance 

(mean 98.1 individuals per transect, s.e. 9.70). 

 

4.4.2 Habitat composition 

Amongst the habitat categories used to characterize the transects, coral categories accounted for 

the largest amount of habitat cover at 53% (s.e. 1.97). Within the coral category, massive corals 

made up a mean of 18% of the total bottom substrate (s.e. 1.07), followed by thin branching 

coral (17%, s.e. 1.57), encrusting coral (7%, s.e. 0.68), soft coral (6%, s.e. 0.81), and thick 

branching coral (5%, s.e. 0.82). Mean cover of sand and rubble was 26% of bottom substrate 

(s.e. 1.28), while dead coral was 15% (s.e. 0.62). Mean algal coverage was 3% (s.e. 0.98), and 

seagrass coverage was 2% (s.e. 0.83). 
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4.4.3 Trait composition 

Trait categories most dominant in the community were living on corals (8% of occurrences), 

sessile lifestyle (6%), surface dwelling (6%), suspension feeding (5%), broadcast spawning 

(5%), have a shell (5%) and are of a small body size (5%). The least common traits include 

deposit feeding, non-substrate dwelling, burrowing, swimming and mud dwelling, accounting for 

less than half of 1% of total occurrences. 

 

4.4.4 Community and habitat ordination 

For all sites combined, ordination plots with 95% confidence ellipses for community structure 

and habitat composition showed separation between most groupings (Figure 4.2). The trait based 

ordination shows inside reserve trait communities forming a distinct cluster, separated from the 

outside and distant fished site confidence ellipses, which have substantial overlap. Taxon based 

ordination shows distinct separation between all groups and no overlap amongst ellipses. Habitat 

ordination shows minor overlap between inside and outside of reserve ellipses while distant 

fished site habitat composition grouped separately from the in and out reserve areas. 

 

Site-by-site ordination of community structure and habitat composition showed distinct 

clustering of protection types (Figure 4.3). Ordination based on traits tend to have more overlap 

between groupings than in taxonomic groupings based ordination, where there is no overlap of 

confidence ellipses at any site. Ordination of habitat cover data showed distinct groupings based 

on protection level but separation of confidence ellipses is less consistent than in taxon 

community analysis. 
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4.4.5 PERMANOVA community composition test 

My test for differences in community composition based on PERMANOVA of the full data set 

(Table 4.2) indicates a significant difference between protection groups based on taxonomic 

groupings (pseudo-F = 2.433, p = 0.0001). Trait based PERMANOVA, however, showed no 

significant difference between groups (pseudo-F = 1.613, p = 0.1258). Similarly, PERMANOVA 

for differences in habitat composition showed no significant difference between groups (pseudo-

F = 1.533, p = 0.0795). 

 

At the site level, the main PERMANOVA tests indicate a significant difference between 

protection types for three of six sites when using BTA and five of six sites using taxon-based 

analysis (Table 4.2). Habitat composition PERMANOVA showed a significant difference 

between protection groups at four of six sites. Post-hoc pairwise PERMANOVA between 

treatment levels at each site indicates protection effect varies by reserve. Trait-based analysis 

comparisons showed statistically significant differences in seven of 18 comparisons of 

community structure, while taxon-based analysis shows differences between 12 of 18 

comparisons. In all cases, where there was a difference in community structure based on traits, 

there was also a difference in community structure based on taxonomic groupings for both the 

main test and the post-hoc pairwise test. Habitat composition pairwise comparisons indicate 

differences in 10 of 18 tests.  

 

4.4.6 Habitat composition as an explanatory effect 

Differences in community composition may be the result of differences in available habitat types 

in each protection type. Pairwise comparisons allow us to examine for situations where there are 
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community composition differences but no habitat differences between protection types. In cases 

where there is a statistically significant difference in community composition in protected versus 

unprotected area (an in-out or in-reference site comparison) but no difference in habitat 

composition, I consider there to be a greater chance of the effect being driven by protection. I 

found this to be the case in three of six reserves (Batasan, Bilang-Bilangan, and Pinamgo). In 

these cases, there was a difference in community structure (based on either traits or taxonomic 

groupings) but no difference in habitat composition between the protected and unprotected area 

comparison. My test for the amount of variation in community composition explained by habitat 

composition, showed the range of variation as between 18.9% and 51.3% (Table 4.2). In all cases 

the variation in community composition explained by habitat was statistically significant. 

 

4.4.7 Taxon differences by protection status 

Family level data indicates that small reef shrimp (hippolytidae, unexploited), coral burrowing 

bivalves (arcidae, unexploited), coral burrowing snails (vermetidae, unexploited), small grazing 

gastropods (cerithiidae, unexploited), habitat forming bivalves (malleidae and mytilidae, 

exploited), brittle stars (ophiocomidae, unexploited), and feather duster worms (sabellidae, 

unexploited) are the top contributors to differences in community structure both between reserve 

and immediately outside reserve areas and between reserve and distant fished areas (see Table 

4.3a and Table 4.4a for direction of the effects). 

 

4.4.8 Traits differences by protection status 

Invertebrate morphology and adult habitat use contributed most to dissimilarity in trait 

occurrence between reserve and non-reserve areas (both immediately outside and distant fished 
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sites), with these categories accounting for 29% and 27% of the total dissimilarity, respectively 

(Table 4.3b and Table 4.4b; note that 29% and 27% include traits that fall outside of the 50% 

cumulative contribution cut-off in the table). Trait categories associates with movement 

accounted for 18% of dissimilarity, followed by feeding (11%), reproduction (8%), and lifespan 

(7%). Similarity percentage analysis does not conduct statistical tests but rather helps explain 

which traits or taxa contribute to differences in community structure. The top contributor to 

differences in both trait-based and taxon-based community structure was the use of corals as 

habitat. In this case, taxa with an affinity for coral during the adult life stage were very slightly 

more abundant inside of reserves than outside. Of the traits associated with morphology, having 

a shell, and having a small or medium body sizes, and medium meat to body mass ratio trait 

categories contributed to differences in community structure. Trait categories associated with 

movement were the next most important, contributing to 18% of total dissimilarity. Sessile trait 

categories had higher occurrences inside of reserves relative to outside. The largest contributors 

to dissimilarity in the next most important trait category, feeding (11 % of total dissimilarity), is 

suspension feeding, with greater occurrence inside reserves. The scavenger trait was also an 

important contributor to dissimilarity, with a higher occurrence of the scavenger trait found 

outside of reserves. Internal fertilization is the most important trait category related to 

dissimilarity within the set of traits associated with reproduction and is the second most 

important trait in contributing to dissimilarity overall. Other reproduction and lifespan trait 

categories, however, contribute little to dissimilarity between reserve and non-reserve areas. 
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4.5 Discussion 

Marine reserves have community wide effects on both taxonomic composition and the 

occurrence of traits in this coral reef system, particularly traits related to body morphology and 

habitat preference, and movement type. I show that shifts in trait composition within reserves are 

associated with coral habitat use, sessile taxa that are associated with filter feeding and have 

shells. Traits associated with vulnerability to fishing (large body size, large edible meat to body 

size ratio) and grazing on the other hand were of little importance in explaining community 

patterns. Both taxon based and trait based analysis provide informative results on the effect of 

reserves on biological communities and their use in tandem appears to provide a much more 

nuanced understanding of reserve impacts on ecosystems than the typical approach of using 

taxon-based analysis in isolation. This type of information has potential uses in conserving for 

ecosystem functional traits (e.g. conservation of bivalves for filtration function) and prioritizing 

management activities. 

 

My taxonomic analysis, without data on the autoecology of each taxon, shows a more simplistic 

and arguably less informative picture of differences in the communities in reserve versus non-

reserve areas. That the top contributing taxa to these differences in community structure are 

small shrimps, a few families of bivalve, snail, brittle star and a worm is likely of small 

biological significance without knowledge of how these taxa interact with their environment and 

other taxa. Instead, knowing that differences in communities among protection types are 

characterized by coral associations, suspension feeding and low or no mobility provides a 

broader understanding of the system that extends beyond a list of taxon names.  
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My result that trait differences between protection types was associated with patterns of coral 

habitat use, low or no mobility and taxa that are associated with filter feeding and have shells is 

similar to results found in New Caledonia (Dumas et al., 2013) and South Africa (Lasiak and 

Field, 1995). In New Caledonia, the occurrence of surface dwelling traits and coral associated 

traits were also major components of dissimilarity between reserve and non-reserve areas 

(Dumas et al., 2013; Jimenez et al., 2015). Similarly, in South Africa, higher levels of filter 

feeder abundance was found in unexploited areas. My result that sessile traits and taxa are a 

major contributor to dissimilarity corresponds with previous work showing the impacts of 

fisheries on benthic, sessile communities (Collie et al., 2000; Kaiser, 2005). Taxa unable to 

evade capture in fisheries (i.e. taxa with low or zero mobility) have the greatest recovery 

potential from cessation of fishing (Sainsbury et al., 1997). Many of these sessile taxa are 

suspension feeders (another top ranked dissimilarity trait) that contribute to removal and cycling 

of organics from the water column. These filter feeders (i.e. bivalves) tend to have shells, are 

desirable in fisheries and are likely contributing to the importance of the highly ranked “shell” 

body morphology category in my dissimilarity analysis. The importance of shelled filter feeders 

and the suspension feeding trait in explaining differences in community composition requires 

further investigation but suggests that reserves could be related to increased filtering capacity 

and the creation of three-dimensional habitat as a result of animal shells. 

 

The link between community structure and both protection type and habitat composition is 

interesting in that I find evidence for both reserve effects and habitat effects on community 

structure. In all reserves studied here, I found a statistically significant relationship between 

habitat composition and community structure. What’s notable is that in some cases, habitat 
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composition did not differ between protection types yet community composition did. This could 

suggest that differences are being driven by removal of exploitation pressures rather than 

inherent differences in the habitat composition of inside reserves versus outside and distant 

fished sites. I suspect that differences in community composition are the result of a combination 

of protection from exploitation and habitat differences. At the time of reserve establishment, 

comparison sites were chosen on the basis of their similarity in habitat to reserve areas and I feel 

it probable that habitat building species may have also responded to removal of exploitation 

pressures and habitat composition shifted over time.  

 

These results challenge the idea that reserves can promote recovery of traits particularly 

vulnerable to fishing pressure (Sala et al., 2002). Some traits, particularly those associated with 

extinction vulnerability and grazing processes, have been identified as being important for ocean 

and coastal systems (Dulvy et al., 2003; Mumby et al., 2006). These however, did not appear to 

be important contributors to dissimilarity between reserve and non-reserve areas. Taxa at higher 

risk to vulnerability typically are longer lived and have larger body size (and more edible meat). 

This lack of observed effect may be due to an absence of a reserve impact of these effects 

occurring over time scales not present in this study or simply because they were not well 

captured in my trait categories. It is likely that organisms with large body sizes and long life 

spans require substantial time periods before increases in their abundance are detectable—

potentially longer than the 10 to 18 year protection time spans used in this study. A significant 

lag in the recovery of larger, longer lived species has also been observed in reserves in the 

western Indian Ocean (McClanahan and Graham, 2015). However, my use of the term “large 

body size” is used relative to other taxa in this study and it’s likely that my “large bodied” 
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animals are smaller than those imagined by Dulvy et al. (2003) and Mumby et al. (2006). The 

near absence of grazing taxa or grazing traits as important components differences in community 

structure is also unexpected. Grazing, also a trait often vulnerable to fishing pressures, is a 

process that has received considerable attention in marine protected area and reserve science and 

changes in grazing dynamics have been observed over much shorter time scales (McClanahan 

and Shafir, 1990; Mumby et al., 2006). Grazing by both fish and invertebrates is important for 

the removal of algal overgrowth of corals, which appeared to be an issue at some of my sites. 

The lack of response in invertebrate grazers could be a result of functional redundancy in the 

system through taxa not measured in this study (i.e balanced by increases in grazing fish) (Ogden 

and Lobel, 1978). 

 

The predominant approach to reserve evaluation, to date, has been through measures of change 

in abundance, biomass and diversity of fish taxa (e.g. Côté et al., 2001; Halpern and Warner, 

2002; Lester et al., 2009), which while indicative of change, overlooks functional and trait 

aspects of ecosystem change. For many stakeholders involved in reserve establishment, the 

former set of criteria are often a primary interest (Halpern and Warner, 2003) and in many cases 

these measures will likely satisfy their informational needs. Trait analysis of often overlooked 

taxa expands our understanding of reserve effects and allows for discussion of reserve impacts 

on management for ecosystem resilience and functional traits that provide important services 

associated with fisheries, storm surge mitigation, algal control and others valuable to human 

wellbeing (Berkes et al., 2000).  
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Resilient ecosystems are able to buffer the effects of external pressures while maintaining their 

same basic functional properties (Hughes et al., 2005; Levin and Lubchenco, 2008; Pikitch et al., 

2004). In many cases it may be difficult to manage for the maintenance of functional traits 

because (1) it may be unclear what traits are out of balance in a system and (2) it may be unclear 

which taxa are contributing to particular functions. Evaluating biological communities using both 

taxonomy and biological traits may help overcome these challenges by tracking change in traits 

and identifying the taxa linked with these traits and ecosystem functions. This may allow 

managers and practitioners to direct management or restoration towards taxa that support 

resilient biological systems or traits that may be absent in the system. This type of management 

is important for incorporating critical services in protected area planning and to buffer the effects 

of human encroachment.  

 

In this analysis I show that invertebrate community structure differs both taxonomically and 

functionally inside of reserves as compared to outside. I identified taxa that characterize these 

differences and then extend upon typical biodiversity analyses by incorporating biological traits 

to understand the functional effects of reserve implementation. This combination of analyses 

provides a richer information relevant to biodiversity and management on taxa rarely examined 

in marine reserve science. Furthermore, these analyses show how reserves can increase water 

filtration and complex habitat traits in a coral reef system. 
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Table 4.1 Trait variables used to describe functional characteristics of invertebrates on coral reefs in the 

Central Philippines 

Type Trait Category Type Trait Category 

Feeding 
Feeding 

habit 

Predator 
Morphology Adult size 

(mm) 
Small < 50 

Deposit-feeder 
 

Medium 50-150  
Grazer 

 
Large >150  

Suspension-

feeder 
Body form Worm-like 

  Scavenger  Shell 

Habitat Adult life 

habitat 

Sand  Cuticle 

Mud  Irregular 
 Seagrass Edible meat to 

total body 

mass ratio  

Small 
 Algae Medium 
 Corals Large 

Living 

habit 

Endofauna Movement Adult mobility None 

Epifauna  Low  
Epizoic  Medium  
Endozoic  High 

Substrate 

localisation 

Surface Movement 

method 

Sessile 

1cm depth Burrow  
>1cm depth  Crawl 

  Other  Slip 

Lifespan Adult 

longevity 

(years) 

Small <1   Swim 

Medium 1-5 
Reproduction Reproductive 

method 

External fertilization, 

planktonic 

Large>5 Benthic stage 

        Internal Fertilization 
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Table 4.2 PERMANOVA p-values and RELATE analysis explained variation for all sites combined (first data row) and each individual site. “Main” 

refers to the main PERMANOVA test and “Pair-wise” refers to post-hoc pair-wise tests between treatment levels (levels of protection). The “BTA” 

results are for trait scored community data, “Taxon” for taxon based community data, and “Habitat” for habitat percent cover data. The “Relate” 

column indicates the amount of variation of in community composition data that is explained by habitat composition data. I-O is the comparison 

between inside the reserve and outside the reserve; I-DF the comparison between inside and the distant fished site; O-DF the comparison between 

outside the reserve and the distant fished site. Bold numbers emphasize statistically significant results. 

 BTA Taxon Habitat 

Site Main Pair-wise Relate Main Pair-wise Relate Main Pair-wise 

All sites 0.1258 NA 
20.5%     (p 

= 0.013) 
0.0001 NA 

24.9%         (p = 

0.0421) 
0.0795 NA 

Batasan 0.0524 
I-O: 0.0455 

18.9%     (p 

= 0.0342) 
0.0007 

I-O: 0.023 
19.2%         (p = 

0.047) 
0.0654 

I-O: 0.7789 

I-DF: 0.0997 I-DF: 0.0192 I-DF: 0.014 

O-DF: 0.2187 O-DF: 0.089 O-DF: 0.0958 

Bilang-

Bilangan 
0.0144 

I-O: 0.1916 
35.1%     (p 

= 0.011) 
0.0012 

I-O: 0.1426 
28.5%         (p = 

0.025) 
0.1387 

I-O: 0.8918 

I-DF: 0.0988 I-DF: 0.0022 I-DF: 0.098 

O-DF: 0.0064 O-DF: 0.0035 O-DF: 0.0442 

Cataban 0.0032 

I-O: 0.0156 
33.9%     (p 

= 0.004) 
0.0001 

I-O: 0.0019 
41.2%         (p = 

0.0001) 
0.0001 

I-O: 0.0032 

I-DF: 0.0027 I-DF: 0.0031 I-DF: 0.0026 

O-DF: 0.1776 O-DF: 0.0261 O-DF: 0.0035 

Handumon 0.4647 

I-O: 0.4688 
37.2%     (p 

= 0.003) 
0.0025 

I-O: 0.061 
34.4%         (p = 

0.001) 
0.0037 

I-O: 0.0639 

I-DF: 0.3096 I-DF: 0.0073 I-DF: 0.0022 

O-DF: 0.3927 O-DF: 0.0488 O-DF: 0.0217 

Jandayan 

Norte 
0.6065 

I-O: 0.6967 
51.3%     (p 

= 0.0001) 
0.2265 

I-O: 0.8295 
33.8%         (p = 

0.0007) 
0.0292 

I-O: 0.6595 

I-DF: 0.4449 I-DF: 0.1505 I-DF: 0.004 

O-DF: 0.3775 O-DF: 0.0757 O-DF: 0.0116 

Pinamgo 0.0015 

I-O: 0.0306 
30.1%     (p 

= 0.013) 
0.0001 

I-O: 0.0023 
19.0%         (p = 

0.0421) 
0.018 

I-O: 0.1799 

I-DF: 0.0023 I-DF:0.0018 I-DF: 0.3575 

O-DF: 0.0158 O-DF: 0.0017 O-DF: 0.0046 
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Table 4.3 Variables contributing to 50 percent dissimilarity between reserve and immediately outside reserve areas. Section (a) is taxa that contribute to 

dissimilarity and section (b) is traits that contribute to dissimilarity. Bold lettering is used to indicate the larger abundance value. 

a) Taxon Class 

Reserve average 

abundance 

Outside reserve 

average abundance 

Dissimilarity 

contribution 

Cumulative % of 

dissimilarity 

Hippolytidae Arthropoda 86 110 9.67 9.67 

Arcidae Mollusca 155 98 8.14 17.81 

Vermetidae Mollusca 76 78 7.79 25.60 

Cerithiidae Mollusca 42 39 5.92 31.52 

Malleidae Mollusca 29 59 5.55 37.06 

Mytilidae Mollusca 30 18 5.28 42.34 

Ophiocomidae Echinodermata 15 34 5.24 47.58 

Sabellidae Annelida 50 35 4.02 51.60 

      

b) Trait Type     

Adult habitat: Corals Habitat 1450 1396 4.33 4.33 

Internal fertilization Reproduction 759 827 3.82 8.15 

Movement method: sessile Movement 1243 1096 3.77 11.92 

Adult mobility: None Movement 1127 944 3.65 15.57 

Surface dweller Habitat 994 1146 3.64 19.20 

Medium meat:body mass ratio Morphology 791 850 3.63 22.84 

Suspension feeder Feeding 1055 855 3.57 26.40 

Shell Morphology 966 838 3.49 29.90 

Epizoic Habitat 609 706 3.43 33.32 

Small body size Morphology 881 884 3.42 36.75 

Planktonic fertilization Reproduction 983 858 3.39 40.14 

Endozoic Habitat 700 536 3.31 43.45 

Cuticle Morphology 362 405 3.14 46.58 

Medium body size Morphology 666 531 3.09 49.67 

Scavenger Feeding 302 427 3.03 52.70 
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Table 4.4 Variables contributing to 50 percent dissimilarity between reserve and distant fished areas. Section (a) are taxa that contribute to 

dissimilarity and section (b) are traits that contribute to dissimilarity. Bold numbering is used to indicate the larger abundance value. 

 

a) Taxon Class 

Reserve average 

abundance 

Distant fished 

site average 

abundance 

Dissimilarity 

contribution 

Cumulative % 

of dissimilarity 

Hippolytidae Arthropoda 86 57 8.59 8.59 

Vermetidae Mollusca 76 27 7.63 16.22 

Arcidae Mollusca 155 113 7.07 23.29 

Ophiocomidae Echinodermata 15 48 6.89 30.18 

Cerithiidae Mollusca 42 50 5.94 36.12 

Mytilidae Mollusca 30 7 4.85 40.97 

Sabellidae Annelida 50 35 4.58 45.55 

Malleidae Mollusca 29 34 4.51 50.06 

      

b) Trait Type     

Adult habitat: Corals Habitat 1450 1171 4.33 4.33 

Internal fertilization Reproduction 759 610 3.84 8.17 

Small body size Morphology 881 598 3.69 11.86 

Movement method: sessile Movement 1243 831 3.68 15.53 

Adult mobility: None Movement 1127 741 3.52 19.06 

Surface dweller Habitat 994 1023 3.51 22.57 

Suspension feeder Feeding 1055 664 3.50 26.06 

Epizoic Habitat 966 629 3.35 29.41 

Endozoic Habitat 700 391 3.30 32.70 

Medium meat:body mass ratio Morphology 791 591 3.29 36.00 

Planktonic fertilization Reproduction 983 827 3.07 39.06 

Shell Morphology 966 775 2.97 42.03 

Medium body size Morphology 666 616 2.95 44.98 

Short lifespan (<1 year) Lifespan 211 233 2.93 47.91 

Worm-like Morphology 318 240 2.91 50.82 
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Figure 4.1 The Danajon Bank region of the Central Philippines. The Danajon Bank is a rare double-barrier 

reef formation to the north of Bohol, Philippines. Dots (●) indicate MPA sites and squares (■) indicate distant 

fished (or DF) sites. 
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Figure 4.2 Community and habitat composition as represented by MDS plots with 95% confidence ellipses. 

Marine reserves are represented by filled triangles (▲), non-reserves by x symbols (x), and distant fished sites 

by empty circles (○). Numbers indicate stress and asterisks (*) indicate a statistically significant result was 

found in the corresponding PERMANOVA. Plot (a) is ordination based on biological trait composition; (b) 

based on taxonomic composition; (c) based on habitat percent cover composition. Community composition 

plots (a and b) were computed on Bray-Curtis similarity matrices from trait and taxonomic occurrence data 

that were square-root transformed. The habitat composition plot is computed on a matrix of Euclidean 

distance data that were normalised. 
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Figure 4.3 Community and habitat composition as represented by MDS plots with 95% confidence ellipses. 

Marine reserves are represented by filled triangles (▲), non-reserves by x symbols (x), and distant fished sites 

by empty circles (○). Site names are in the top right corner of each row and numbers indicate stress. Asterisks 

(*) indicate a statistically significant result was found in the corresponding PERMANOVA. The first column 
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is ordination based on biological trait composition; the second column based on taxonomic composition; the 

last column based on habitat percent cover composition. Community composition plots (columns 1 and 2) 

were computed on Bray-Curtis similarity matrices from trait and taxonomic occurrence data that were 

square-root transformed. The habitat composition plot is computed on a matrix of Euclidean distance data 

that were normalized. 
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Chapter 5: Using life history and size data for assessment and management of 

data-limited invertebrate fisheries 

 

5.1 Summary 

Invertebrate fisheries offer a critical source of protein in developing regions but are data-limited 

and lack methods for assessment and management. Advances in size frequency methods offer 

new techniques for assessing data-limited taxa and providing management recommendations. 

Here, I apply a set of life history ratios, length-based spawning potential ratio (SPR) analyses, 

and population simulation modeling to a multi-species, data-limited invertebrate fishery in the 

Central Philippines. I calculated life history parameters for nine invertebrate taxa important in 

local fisheries and then estimated stock status based on length-based SPR and fishing mortality 

rate. I found that the majority of the extraction was of animals below their size at first maturity, 

most taxa were being fished at high fishing mortality rates, and many had low SPR. I tested 

different selectivity assumptions in mobile species and found that accounting for spatial 

dynamics of the fishery and the target taxa is important for estimation of fisheries mortality and 

SPR. I conducted a simulation analysis to test the effect of setting minimum size limits for each 

species at Lopt, the optimal length at capture to maximize yield, while still maintaining a high 

exploitation rate. I found that setting selectivity at Lopt would increase fisheries yield by an 

average of 573%. However, the spatial footprint in this fishery likely means that this additional 

yield in mobile species may not be accessible to the fishers who currently depend on these taxa 

for their catch.  
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5.2 Introduction 

As the importance of data-limited fisheries is realized, appropriate tools for their management 

are increasingly needed (Pauly and Zeller, 2016; Sadovy, 2005; Worm and Branch, 2012). Most 

fisheries falling into this category are considered “small-scale fisheries”, which contribute about 

half of the global catch for direct human consumption and employ the overwhelming majority of 

the world’s fishers (Jacquet and Pauly, 2008; World Bank et al., 2012). Characterized by a high 

diversity of gears, spatially diffuse fleets, and weak management structures, input control 

measures are often not practical in these fisheries (Berkes, 2001; Sadovy, 2005). “Data-less 

management” approaches are often proposed in these situations, consisting of a set of rules 

designed to conserve spawning biomass (Johannes, 1998). These can include seasonal fisheries 

closures, increased mesh sizes, bans on retention of some species, or escape hatches in traps. One 

of the most heavily promoted data-less management approaches is the creation of marine 

protected areas (MPAs). MPAs can be effective tools for conserving biodiversity but limitations 

in both their current coverage (less than 8% of world ocean in 2020 is encompassed by MPAs, 

with less than 30% of that area as no-take) and the scale of spillover (spillover from MPAs can 

take a very long time and can be of small magnitude) of biomass into adjacent fisheries requires 

that they be augmented with additional conservation approaches (Boersma and Parrish, 1999; Di 

Franco et al., 2016). This is particularly true in locations where fishing effort is high and 

dependence on fisheries resources is intense (e.g. Selgrath et al. 2017). In these locations, 

practical tools that reflect management capacities and species life histories are needed to 

maintain the productivity of the resource base, and thus maintain its ability to meet nutritional 

needs (Bell et al., 2009). 
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Central to assessment and management of data-limited fisheries are estimates of how target taxa 

grow, survive, and reproduce (Adams, 1980; Kindsvater et al., 2016). This information can help 

determine timing, locations and optimal size at which fish should be caught (Froese et al., 2008; 

Pardo et al., 2016). Similarly, the size at which a fish reaches maturity and the number of eggs it 

produces can, for example, inform fisheries exploitation rates and size limits or lead to protection 

of spawning areas (Jensen, 1996; Pardo et al., 2016). For many economically important species 

in developed countries, these data are readily available and stored in fisheries databases, e.g. 

FishBase for fishes (www.fishbase.org) and SeaLifeBase for invertebrates 

(www.sealifebase.org). When these life history data are combined with catch time series, indices 

of abundance, and stock-recruit relationships, the processes for estimating stock status and 

sustainable exploitation rates are well established. But a near absence of catch and effort data and 

limitations in capacity for species assessment in many of the world’s regions mean many of these 

techniques cannot be used (Berkes, 2001).  

 

Fisheries targeting invertebrate taxa have undergone enormous growth and typically lack formal 

assessment and management (Anderson et al., 2011; Perry et al., 1999). Despite a long-held 

belief that invertebrates are more resilient to fishing pressures (Jamieson, 1993), 34% of assessed 

invertebrate fisheries are over-exploited, collapsed, or closed (Anderson et al., 2011). A six-fold 

increase in global invertebrate catch from 1950 to 2004 and large growth in the number of 

exploited taxa (Anderson et al., 2011) is not reflected in conservation assessments: fewer than 

3000 marine invertebrates have been assessed for extinction risk—less than one sixth of one 

percent of the estimated 1-2 million marine invertebrate species (IUCN, 2017). Likewise, a 

dearth of basic life-history data means that the leading aggregator for aquatic invertebrate life 
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history data, SeaLifeBase, still contains relatively few measures for invertebrate growth and 

reproduction when compared to the information available for fishes on FishBase (Froese and 

Pauly, 2017; Palomares and Pauly, 2017). The near absence of assessment is concerning given 

the growth of invertebrate catch and the high-profile declines in data-limited populations such as 

abalones, sea cucumbers, and lobsters (Berkes et al., 2006; Hobday et al., 2000; Salomon et al., 

2007). 

 

Establishing size limits appropriate for an animal’s growth and maturity is an established method 

for mitigating overfishing (Donaldson and Donaldson, 1992; Froese and Binohlan, 2000; Holt, 

2014; Perry et al., 1999). Minimum size limits help maintain a spawning stock that supports 

future cohorts, supporting the long-term viability of the population. They can also help increase 

yield in a fishery by growing the available exploitable biomass (Allen, 1953; Beverton and Holt, 

1957). However, where empirical data are available for key life-history attributes (e.g. size at 

maturity, natural mortality), determination of size limits can be arbitrarily set, or can be 

estimated through a set of ratios among life history variables like rate of growth and maximum 

size (Froese and Binohlan, 2000; Pauly, 1980). While these ratios are imperfect (Prince et al., 

2015a), a large body of work demonstrates that they can provide adequate estimates of key life 

history events, like size at maturity (Froese and Binohlan, 2003, 2000; Jensen, 1996; Williams 

and Shertzer, 2003). Lopt, the length where cohort biomass is at its maximum in an unexploited 

population (Holt, 1958), is a product of these ratios and can inform size limits for supporting 

populations that are robust to exploitation (Froese et al., 2008). 
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Recently, many data-limited approaches have been developed to meet a demand for science-

based assessment and management. These approaches fall into two main categories: catch-based 

and length-based models. Catch-based models (e.g. SRA, Catch-MSY, CMSY) use catch time-

series data to estimate biomass and sustainable catch for a stock, and thus are vulnerable to errors 

due to catch misreporting (Martell and Froese, 2013). Length-based models (e.g. LBSPR, LBB, 

LIME) use length-frequency data to estimate exploitation and the spawning potential relative to 

that of an unfished stock (SPR), relying on catch size frequencies that are representative of the 

exploited population (Froese et al., 2019, 2018; Hordyk et al., 2016). Given large data gaps and 

poor record keeping for catch in small scale and developing world fisheries, advancement of 

tools (or methods) to estimate stock status on the basis of length frequencies is an area of 

research undergoing rapid growth (Froese et al., 2019, 2018, Hordyk et al., 2014a, 2014b, 2016, 

2015; Rudd and Thorson, 2017). 

 

It is particularly important that we develop management tools for data-limited invertebrate 

fisheries in developing countries. In such areas, intertidal gleaning fisheries make important 

contributions to diets and livelihoods (Kleiber et al., 2015, 2014). These fisheries are conducted 

primarily by woman fishers—a demographic whose catch is often overlooked, yet constitutes a 

major extractive effort (Fröcklin et al., 2014; Harper et al., 2020, 2013; Kleiber et al., 2014). In 

this study area invertebrate gleaning fisheries contribute to both household diets and local trade. 

On average 32% of gleaning fisheries catch goes directly to feed the family of the gleaner. 

Gleaning can be disproportionately important to community members that cannot access other 

forms of fishing, and can also be important to all families during bad weather when fishing in 
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boats is too dangerous. The impacts to target species in this fishery are rarely quantified and 

comprise a large “invisible fishery” (Kleiber et al., 2015, 2014). 

 

In this study I attempt to assess and make management recommendations for near data-less 

invertebrate taxa. I apply a length and growth-based approach to nine invertebrate taxa important 

in intertidal gleaning fisheries. I calculate life-history attributes, estimate their stock status, and 

then estimate the impact on fisheries yield of setting minimum size limits. This work attempts to 

illustrate methods beyond marine reserves that could contribute to sustainability in small scale 

fisheries.  

 

5.3 Methods 

In this analysis I use a variety of tools to obtain information about the life history of each taxon. I 

then use two length-based reproductive output models (Length-Based Spawning Potential Ratio, 

LBSPR; and Length-based Integrated Mixed Effects, LIME) to estimate the status of the stocks, 

and an equilibrium simulation model within the LBSPR package to estimate the potential effect 

of introducing a minimum size limit in the fishery. 

 

5.3.1 Study area 

I focused on a biodiverse, and heavily fished region of the Philippines, dominated by fisheries 

that lack basic data on catch species composition, biomass extraction and fishing effort. Danajon 

Bank is an approximately 1200-square-kilometre double-barrier reef north of Bohol, Central 

Philippines (Figure 5.1). Invertebrate fisheries are conducted through skin diving, traps, nets, and 

notably through intertidal gleaning fisheries. This gleaning fishery is predominantly done by 
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women, children, and the elderly—often marginalized groups that lack access to boats. 

Invertebrate catch is an important part of local food security. Between a quarter and a third of 

household protein is obtained from these gleaning fisheries (Kleiber et al., 2014). This 

combination of biodiversity, heavy fishing pressures, and data limitations make it a striking case 

study to test these methods.  

 

5.3.2 Focal species 

I chose nine macro-invertebrate taxa common in local gleaning fisheries: six bivalves, one 

gastropod, one crustacean, and one echinoid (Table 5.1). I selected taxa based on (i) availability 

of size-frequency data (n>80 size observations) and (ii) for which I had a high degree of 

confidence in taxonomic identification. 

 

5.3.3 Estimating life-history variables 

I estimated life history parameters through a combination of literature data, life history records 

from closely related species (Costello et al., 2012), and use of Beverton-Holt life-history 

invariants (BHI). For each taxon, I searched SeaLifeBase, online museum records, government 

reports, and peer reviewed scientific literature for size, maturity and growth data. In data-limited 

scenarios, a few basic pieces of life history information can be used to estimate critical stages in 

animal growth (Table 5.1 and Table 5.2). I created a conceptual model for estimating life-history 

parameters and estimating status (Figure 5.2). The most critical life stages I sought to estimate 

were: (i) its natural mortality rate (M), (ii) how quickly and how large an animal grows (L∞ & 

K), and (iii) at what size it reaches reproductive maturity (Lm). 
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The von Bertalanffy growth function (VBGF; eq. 1) estimates length at time, Lt, incorporating 

the rate (K) at which the size of an animal approaches a theoretical maximum or asymptotic size 

(W∞ or L∞)  

 𝐿𝑡 = 𝐿∞(1 − 𝑒−𝐾(𝑡−𝑡0)) (1) 

I assumed that asymptotic length is approximately five percent larger than the average observed 

maximum length (Pauly, 1984) and can be estimated by examining records from museum 

specimens, guide books, or SeaLifeBase (Palomares and Pauly, 2017). I calculated asymptotic 

size using maximum size observations from areas that were geographically as close as possible 

to the population of interest. This is because asymptotic size varies with seawater temperature, as 

warmer water has lower oxygen levels available for use in metabolism (Pauly, 2019; Pauly and 

Cheung, 2018). With increasing animal size, the ratio of gill surface area to body tissues 

decreases, resulting in lower maximum body size than areas with cooler water (Pauly, 2019; 

Pauly and Cheung, 2018). 

 

The rate at which growth approaches asymptotic length, K can be estimated with or without size 

frequency data. In cases where length frequency observations were collected at regular intervals 

over several months, electronic length frequency analysis (ELEFAN) can be used to track the 

growth of cohorts over time and then fit a growth curve (Pauly, 1998). For taxa where these data 

are unavailable, K can be calculated using the growth performance index (eq. 2), 

 𝜑′ =  logK + 2log𝐿∞ (2) 

This index is a measure of the relationship between asymptotic size of an animal and the rate it 

approaches that size. The relationship is relatively conserved among closely related taxa (Pauly, 

1998). Estimating K for a taxon with no growth data requires averaging 𝜑′ values of closely 
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related taxa and incorporating their asymptotic length, both of which I obtained from 

SeaLifeBase (Figure 5.2).  

 

Mean size at first reproduction (Lm) can be obtained from direct measurements in the field (as 

was the case for P. viridis, T. niloticus and P. pelagicus where I used literature values), from the 

relative size at maturity in closely related taxa, or, in the complete absence of reproductive data, 

by assuming that maturity occurs at one-half the asymptotic length (Pauly, 1983). The one-half 

asymptotic length maturity assumption is a crude estimate and I am aware that some invertebrate 

taxa mature at sizes below this point—however in the absence of additional data, I deemed it to 

be an appropriate and conservative estimate. 

 

Natural mortality (M) is particularly difficult to measure but is important for understanding 

population dynamics of stock response to fishing pressures (Pauly, 1980). Determining M is data 

and resource-intensive, requiring mark-recapture assessment, modelling of predation analysis or 

other data-intensive methods (Pauly, 1984). To bypass these data-heavy methods, considerable 

effort has been invested in finding correlates of M, particularly for fishes (Pauly 1980). For 

invertebrates, it may be necessary to resort to simple ratios, for example that M is approximately 

one and a half times the value of K (Pauly, 1983). However, recent evidence has shown that this 

ratio is does not always hold when comparing taxa that are not closely related (Prince et al., 

2015a; Thorson et al., 2017); also, variation around the M = 1.5 K assumption can differ 

significantly differ among taxa while closely related taxa tend to have similar M/K ratios (Prince 

et al., 2015a). Thus, using meta-analysis results from Prince et al. (2015) I set the M/K ratio for 
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bivalves, the crustacean, and the echinoid in this analysis at 1.2, while it was set to 0.59 for 

gastropods. 

 

5.3.3.1 Estimating optimal size at capture 

Optimal size at capture, Lopt, is the length where cohort biomass is maximum in an unexploited 

population (Holt, 1958). Lopt was calculated using three life history values obtained above (K, 

L∞, and M) using the estimation process in Figure 5.2. 

 

5.3.3.2 Length frequency sampling design 

I obtained length frequency data indirectly, from intertidal invertebrate gleaning fisheries in 11 

villages on Danajon Bank from September 2011 to January 2012 (Figure 5.1). Fishing catches 

were evaluated opportunistically, typically by asking interview respondents if they would be 

willing to let us measure the catch of their next fishing trip. In other cases, fishers returning with 

their catch were opportunistically approached at points along the seashore to sample both 

subsistence and commercial catch. For each fishing trip I noted the weight of each animal, their 

taxon and their local name. I measured catch from 160 gleaning trips. For each trip, I measured 

the wet weight for each animal in the catch. For the nine taxa examined in this analysis, I 

obtained sizes for 11 055 animals (Table 5.1). 

 

I next needed to calculate the length of each specimen. For each taxon, I searched the literature 

and online database SeaLifeBase to deduce length from weight (W = aLb). For taxa with no 

established length-weight relationship, I assumed that length was proportional to the cube root of 

weight. This proportional length-weight relationship is particularly useful in soft bodied 
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invertebrates and has been used previously on invertebrate taxa in the same region as this study 

(Pauly and Calumpong, 1984). 

 

5.3.3.3 Estimating length-based spawning potential ratio 

I used calculated lengths to deduce the spawning potential ratio (SPR). SPR is a measure of the 

reproductive output of a fished stock relative to the same stock in an unfished state (Goodyear, 

1993). Length-based SPR methods use a per-recruit, length structured model that can account for 

size-dependent selectivity and estimate fecundity at size. These methods account for within-

cohort size variability to select the largest individuals in a cohort into the fishery at a higher rate 

than smaller individuals (Hordyk et al., 2016). Recently developed length-based SPR analyses 

(e.g. LBSPR and LIME) differ from previous size or age structured SPR models where size 

dependent selectivity is not considered and are vulnerable to overestimates of fishing mortality 

and negative bias in SPR estimates (Froese et al., 2018; Hordyk et al., 2016; Rudd and Thorson, 

2017). These methods also provide estimates of selectivity and the ratio of fishing mortality to 

natural mortality. The default assumption in these methods is a logistic selectivity curve and the 

same von Bertalanffy growth curve and catchability in both sexes. LIME allows for specification 

of a Gaussian selectivity curve. For my catch data, I used the life-history parameters found in 

Table 5.1. 

 

For many taxa, a typical assumption is that once a stock is fully selected in fishery, it remains 

fully selected for the rest of its life span (logistic selectivity). For mobile species in this gleaning 

fishery, this is likely not the case. Many species of fish and invertebrates undergo depth 

migration with growth. Trochus, for example, is found to have greater frequencies of larger 
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individuals with increasing depth, suggesting depth migration with growth (Heslinga et al., 1984; 

Nash, 1993). Similar patterns have been found in the other mobile taxa in this analysis: Portunus 

(Batoy et al., 1988), and Tripneustes (Lewis, 1958). Bivalves, on the other hand, are confined to 

the same patch of substrate for the duration of their post-larval life cycle. In practical terms, this 

means that for species that undergo depth migrations, data obtained from this intertidal gleaning 

fishery likely omit large individuals—not because they are absent in the population, but because 

the spatial footprint of the fishery does not overlap with the depth habitat of large animals. To 

account for reductions in selectivity in larger individuals, I applied a second length frequency 

analysis tool with capabilities for assuming a Gaussian (“dome-shaped”) selectivity curve. The 

length-based integrated mixed effects model (LIME) has several of the same assumptions as 

LBSPR for single year length-frequency data sets but with an important difference: a Gaussian 

selectivity pattern can be specified in the model (Rudd and Thorson, 2017). In LIME, I analysed 

all taxa using a logistic selectivity curve and then for the three mobile taxa in my analysis I 

applied a Gaussian selectivity curve. To specify the standard deviation for each Gaussian curve, I 

used the standard deviation from the respective taxon’s length frequencies. I then conducted a 

sensitivity analysis by varying the standard deviation by ± 20%. 

 

5.3.4 Simulation analysis 

To understand the impacts of setting a minimum size limit on fisheries yield, I ran simulation 

models in the LBSPR package. For each taxon in this analysis, I simulated a population, and then 

used two different assumptions for size at selection into the fishery. I then assessed differences in 

population size structure and fisheries yield among size at first capture assumptions. I used the 

same set of life-history values as above (Table 5.1) and set steepness for all taxa at a relatively 
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conservative 0.7. In the first scenario, I used the size at first capture currently observed for each 

taxon, estimated in the LBSPR analysis above. In the second scenario I simulated 

implementation of a minimum size limit by setting recruitment as a knife edge selectivity pattern 

for each taxon’s Lopt value (i.e., zero catch below the size limit and full selection into the fishery 

above the size limit). In all cases, the exploitation rate was set very high (F/M = 4) to mimic high 

exploitation rates observed in the fishery. For each scenario I generated population size 

frequencies and catch size frequencies. I also calculated the difference in available fishable yield 

for each taxon in each scenario. To do this I used the length frequency distributions generated 

above, converted lengths to mass, and compared total mass between scenarios for each species. 

My mass estimates do not describe edible mass but instead total animal mass, shell included. 

 

Length frequency data were analysed in the LBSPR and LIME packages in R (Hordyk et al., 

2016; Rudd and Thorson, 2017) to produce estimates of SPR, selectivity and fishing mortality. 

 

5.4 Results 

5.4.1 Catch size composition relative to reference points 

Of the nine species examined in this analysis, five had a mean Lc (mean length at capture) that 

exceeded my calculated Lm (length at 50% maturity; Table 5.3), while the remaining four species 

had Lc of less than Lm (Table 5.3). In only one of nine species did the length at capture exceed 

Lopt (optimal length at capture; Tegillarca granosa). 

5.4.1.1 Bivalve catch size composition 

Among the bivalves, mean Lc for five of the six species was greater than their Lm. The one 

exception, Perna viridis, had a mean Lc that was 17 mm less than its Lm. Only one bivalve 
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species reached Lopt before Lc. Catch of T. granosa consisted of over 80% individuals at sizes 

larger than Lopt. Mean length at capture falls short of Lopt by between 5% (Amusium 

pleuronectes; 4 mm) and 106% (P. viridis; 64 mm). With the exception of P. viridis and 

Crassostrea iredalei, in bivalves, a small fraction of the catch consists of juvenile individuals 

(Figure 5.3). In four of six species, more than half of the catch (by count) is of individuals 

smaller than Lopt (Figure 5.3). 90% of the catch of P. viridis is smaller than Lm and nearly half 

the catch of C. iridalei is smaller than Lm.  

5.4.1.2 Gastropod catch size composition  

In the gastropod species (Trochus niloticus), mean Lc is less than both Lm and Lopt. T. niloticus 

falls short of Lopt by 262% (76 mm) and in my gleaning data set, it is captured exclusively at 

sizes less than its Lm. 

5.4.1.3 Crustacean catch size composition 

The crustacean, Portunus pelagicus’s mean Lc is 30% less (23 mm) than Lm and 86% less (66 

mm) than Lopt. All but a small percentage of the catch (~1%) were of individuals smaller than 

Lm. 

5.4.1.4 Echinoderm catch size composition 

The single echinoderm in this analysis, the urchin Tripneustes gratilla, has a mean Lc which is 

40% smaller (31 mm) than Lm and 58% less (65 mm) than Lopt. The entirety of the catch of T. 

gratilla was caught at sizes smaller than Lopt and Lm. 

 

5.4.2 Length-based spawning potential ratio 

SPR analyses in both LBSPR and LIME showed a pattern consistent with my observed catch 

pattern by life stage: The bivalve species in which Lc exceeded Lm and/or Lopt also had relatively 
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higher reproductive output in fished populations (Table 5.3). These taxa were all sessile and 

mean SPR among them was 0.34 (s.e. ±0.09) in LBSPR and 0.33 (s.e. ±0.08) in LIME. The 

single sessile taxon with a high proportion of catch below Lm, P. viridis, had the lowest SPR, at 

0.01 (LBSPR) and 0.03 (LIME). The SPRs among the other sessile species ranged from 0.15 to 

0.61; in these species, mean Lc exceeded Lm.  

 

Among mobile species, estimated SPR values are exceedingly low when applying a logistic 

selectivity curve. T. niloticus, a gastropod with a low mean Lc relative to Lm and Lopt, has an 

estimated SPR of zero and 0.03 in LBSPR and LIME, respectively. Similarly, both the 

crustacean and the urchin in this analysis register SPRs very close to zero. While this pattern of 

low SPR values is consistent with high proportions of catch in small animals, these SPR 

estimates unrealistically low given that these taxa persist in the catch and have not become 

locally extirpated. For these three taxa, I specified a Gaussian (“dome shaped”) selectivity 

pattern in LIME (Table 5.4) as this option was unavailable in LBSPR. In the gastropod and 

crustacean, SPR increases to 0.19 and 0.18, respectively, while in the urchin, the SPR value 

remains similar to that found when assuming logistic selectivity (0.02). SPR values for each 

taxon vary depending on the standard deviation of the assumed Gaussian curve used in the 

analysis. In my sensitivity analysis, when the standard deviation of the Gaussian selectivity curve 

decreases by 20% for each species, estimated SPR increases in all cases. Conversely, an increase 

in the standard deviation in each curve resulted in decreases in estimated SPR (Table 5.4). 

 

Estimates for fisheries mortality rate relative to natural mortality rate show a similar pattern to 

those found in SPR analysis: lower SPR values were associated with higher estimates for F/M 
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ratios (Table 5.3 & Table 5.4, Figure 5.4). When considering all species, the F/M ratio has a 

mean value of 6.78 (s.e. ±2.0) and ranges from 0.64 to 19.03 in LBSPR, assuming logistic 

selectivity (Table 5.3). In LIME, the ratio, assuming logistic selectivity is 4.3 (s.e. ±1.9) and 

ranges from 0.59 to 18.24 (Table 5.3). However, when Gaussian selectivity is assumed for 

mobile species in LIME, the mean F/M ratio among all species decreases to 2.84 (s.e. ±1.1) and 

ranges from 0.59 to 11.35 (Table 5.3 and Table 5.4). F/M ratio estimates in LBSPR and LIME 

are roughly similar, however for three taxa (C. tigerina, G. tumidum, and T. gratilla), estimates 

produced by LIME are substantially lower than those produced by LBSPR. 

 

5.4.3 Simulation analysis 

Comparing populations under three scenarios: fishing at current selectivity and fishing at Lopt 

selectivity (i.e., a minimum size limit), and zero fishing, I found that setting minimum size limits 

would have a notable effect on the reproductive output for these taxa. I compare SPR for 

simulated populations fished with varying selectivity patterns. Increases in SPR when using Lopt 

selectivity relative to current selectivity range from 0.14 to 0.61, with an average increase of 0.40 

(s.e. ±0.05), (Table 5.5). SPR at simulated selectivity patterns observed in the catch have a mean 

of 0.15 (s.e. ±0.06) and a range of values spanning 0.01 to 0.52, while SPRLopt has a mean value 

of 0.55 (s.e. ±0.02) and range from 0.48 to 0.66. For the bivalves, mean SPRcurrent is 0.21 (s.e. 

±0.08) while SPRLopt is 0.54 (s.e. ±0.03). For the gastropod, SPR increases from 0.03 to 0.58 

while the crustacean increases from 0.02 to 0.63, and the urchin from 0.02 to 0.51. In all cases, 

fishing with a minimum size limit set at Lopt results in substantial shifts in size frequencies and 

increases in SPR and fisheries yield relative to selectivity observed in the current catch (Figure 

5.5). Population size frequency plots indicate that a larger proportion of the populations are 
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reaching larger sizes and, in many cases, size frequency distributions are similar to those found 

in an unfished population (Figure 5.6 and Figure 5.7). Catch size frequencies indicate dramatic 

differences between current selectivity and Lopt selectivity (Figure 5.6 and Figure 5.7). 

 

Introduction of an Lopt-based minimum size limit results in large increases in the amount of 

biomass available, as deduced from yield under identical exploitation rates. Yield increases by an 

average of 573% with a minimum increase of 103% and a maximum increase of 1383% (Table 

5.5). Among the bivalves, yield increased by a mean of 395%. The largest increases were in 

species that also have large increases to SPR, C. iredalei and P. viridis with yield increases of 

617 and 982%, respectively. This is also true for the gastropod, crustacean and echinoid, all of 

which undergo substantial increases in SPR and have fisheries yield increases ranging from 

609% (T. gratilla) to 1383% (T. niloticus). This simulation analysis indicates that moving to an 

Lopt-based minimum size limit, while still maintaining high fishing pressure, results in large 

improvements to both stock status (SPR) and fisheries yield. 

 

5.5 Discussion 

In this analysis, I estimated life history values for data-limited tropical invertebrates using von 

Bertalanffy growth and Beverton-Holt life-history invariants, assessed stock status and then 

estimated effects of setting a minimum size limit. I found that large portions of the catch are 

fished at sizes too small to support productive populations or maximize fisheries yield. Setting 

minimum size limits would likely benefit reproductive output and have substantial impacts to 

catch biomass. 
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My finding that a large proportion of the invertebrate catch is retained at sizes smaller than size 

at maturity and Lopt are unsurprising given the intensity of fishing effort. In this study area it was 

found that and estimated 97% of women and 55% of men participated in gleaning, and the 

gleaning fisheries accounted for 35% of the total reported weekly catch volume (Kleiber et al. 

2014b). On average people reported gleaning over 5.5 hours per week, with an average catch of 

just over 6 kg per week (Kleiber et al., 2014).  

 

My finding that heavily exploited target taxa (i.e. those with very high exploitation rates) have 

not been fully depleted and are still present in the catch has potential ecological and economic 

explanations. For two thirds of species in this analysis, fishing mortality is estimated to be 

greater, and in some cases, much greater than natural mortality; yet populations of these animals 

persist. Assuming these fishing mortality estimates are correct, this pattern could be explained by 

source-sink dynamics—spawners from elsewhere could be supporting populations found in these 

fishing grounds though larval transport or migration from adjacent areas. These source 

populations could be found at depths beyond the range of fishing gears, in sparsely fished areas 

or protected areas, which are common in the region. If local reproduction is not important for 

persistence of these animals in gleaning areas, an argument could be made for continued high 

mortality rates in smaller size classes. In this case, larval transport from source populations could 

sustain these sinks. However, given the dramatic expansion of fisheries footprints and the 

increases in the diversities in gear in the region (Selgrath et al., 2017), it becomes difficult to 

justify an assumption of a source population for continuation of intensive sink fisheries. 

Persistence of these species in the catch despite high exploitation may also be linked with the 

economics of this fishery. These gleaning fisheries have few overhead costs typically found in 
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subtidal fisheries (boats, fuel, nets, etc.)—all that is required is time and a plastic bucket. Where 

subtidal species may no longer be economically viable for targeting below a particular 

abundance, exceedingly low overhead costs in gleaning fisheries may mean the fishery has 

potential to persist even where catch per unit effort is low. 

 

I found that characterizing selectivity patterns within the fishery was important for obtaining 

realistic model estimates for SPR. The combined effects of species ecology and spatial dynamics 

within the fishery may introduce bias in estimates of fishing mortality rate and SPR when 

assuming logistic selectivity. In many cases, even with the possibility of source-sink dynamics 

and favourable economic aspects, fishing morality rates relative to natural mortality rates in 

mobile species appeared to be unrealistically high (up to 19 times higher than natural mortality) 

and SPR unrealistically low. The LBSPR model assumes that once animals reach a size where 

the selectivity curve levels off, their probability of capture remains near constant through the rest 

of their lifecycle, regardless of size (Hordyk et al., 2016). This means that the LBSPR model 

assumes catch size data are representative of the exploited population size structure. In LBSPR 

the model estimates for SPR and F/M are heavily influenced by whether large animals are 

present in the catch (Hordyk et al., 2016). Very low SPR values or very high F/M values may be 

a result of an absence, or near absence, of large animals in the catch. Many species of fish and 

invertebrates undergo depth migration with growth. Trochus, for example, is found to have 

greater frequencies of larger individuals with increasing depth, suggesting depth migration with 

growth (Heslinga et al., 1984; Nash, 1993). Similar patterns have been found in the other mobile 

taxa in this analysis: Portunus (Batoy et al., 1988), and Tripneustes (Lewis, 1958). Bivalves, on 

the other hand, are confined to the same patch of substrate for the duration of their post-larval 
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life cycle. In practical terms, this means that for species that undergo depth migrations, data 

obtained from this intertidal gleaning fishery likely omit large individuals—not because they are 

absent in the population, but because the spatial footprint of the fishery does not overlap with the 

depth habitat of large animals. This Gaussian selectivity pattern, where large animals are not 

selected into the fishery, violates the assumption of logistic selectivity in the LBSPR model and 

may be leading to extreme values for SPR and F/M for some mobile species (Hordyk et al., 

2016). When I applied a Gaussian selectivity curve for mobile species in the LIME model, F/M 

and SPR estimates appeared within ranges that were more realistic. Similarly, Pons et al. (2019), 

found that length-based models better estimated stock status in small tunas when catch length-

frequency data was obtained from fisheries that target a broad range of sizes, adhering to the 

assumption of logistic selectivity among size classes. 

 

I are surprised by the scale of increases to yield and SPR from introduction of an Lopt minimum 

size limit. Allowing animals to reproduce before capture, particularly large, highly fecund 

spawners could result in substantial increased in reproductive output in these stocks, contributing 

to higher abundances of animals available in this fishery, assuming they are an allowable size to 

catch. Similar to this, Lopt-based size limits have been found to substantially increase stock 

biomass, contribute to an age structure similar to an unfished stock, eliminate growth overfishing 

and contribute to resilience within populations (Froese et al., 2008). For examples, in the 

Mediterranean, a shift towards an Lopt size limit is estimated to result in a 9.3 fold increase in 

stock biomass for assessed stocks (Colloca et al., 2013). 
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Despite the increases in biomass and SPR, a blanket ban on mobile invertebrate taxa smaller than 

Lm or Lopt is likely unrealistic for those involved in this fishery. For many mobile species, 

juvenile stages are spent in intertidal and shallow water areas before moving to deeper waters 

with growth. My estimates for increases in exploitable biomass are based on increases in yield 

per recruit—accumulation of biomass from growth in individual animals. This means that YPR 

benefits are achieved through growth of those animals—and in this case movement to deeper 

water before capture. Should size limits be implemented, fishers whose spatial footprint is 

limited to walk-able areas—marginalized members of the community who lack boats and exploit 

invertebrates in their juvenile stages—become excluded from a fishery important for food 

security (Kleiber et al., 2014). An important next step is an analysis of trade-offs required to 

achieve similar biological results, but with management strategies that combine spatial zoning of 

effort and size limits. For example, there may be options to close small sections of gleaning areas 

in conjunction with setting size limits in sub-tidal zones fished by skin-divers. Evaluating the 

plausibility of trade-offs between closed areas and size limits will require significant consultation 

with village groups. 

 

This analysis and a growing body of work indicates that management and conservation of 

invertebrate taxa, particularly those in data-limited fisheries, is required for increasing 

populations and improving fisheries—even if the assessment tools used are imperfect (Anderson 

et al., 2011; Benbow et al., 2014; Collen et al., 2012; Mobrand et al., 2005; Perry et al., 1999; 

Prince and Hordyk, 2019; Rhyne et al., 2009; Worm and Branch, 2012). Data-limited fisheries, 

particularly those where animal life history is lacking, require assumptions that introduce 

uncertainty in outputs. Within every step in this analysis, I was required to either extrapolate 
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from related species (e.g. growth parameters, M/K ratios), use approximate life-history estimates 

and their ratios (e.g., Lm to L∞ ratios; assuming uniform growth and maturity between sexes) or 

make assumptions about population dynamics (e.g. equilibrium dynamics). Despite these sources 

of uncertainty, these estimates may be “good enough”—they are consistent with established 

principles for lessening fisheries impacts and achieving “pretty good yield”: allowing animals to 

reproduce at least once before capture (Froese et al., 2008; Hilborn, 2010; Johannes, 1998). 

 

The high intensity and widespread nature of extractive pressures in these gleaning fisheries 

require that multiple tools be used to manage human impacts. In my study region, MPAs are a 

common conservation tool and recent evidence suggests they are effective at increasing the 

abundance of exploited invertebrate taxa (Gillespie and Vincent, 2019; Lester et al., 2009). 

While MPAs can support biodiversity and contribute to spillover of biomass into adjacent areas, 

their ability to singularly compensate for wide-spread, intensive fisheries is not realistic 

(Boersma and Parrish, 1999; Hilborn et al., 2004). Managing for size-selectivity may be another 

tool for tempering exploitation within artisanal fisheries (Johannes, 2002, 1998; Prince et al., 

2015b), requires fewer resources than quota-based management (Berkes, 2001; Copes, 1986), 

and offers a promising supplement to existing conservation and fisheries management 

undertakings. I demonstrate a procedure for applying data-limited methods and identify their 

biological and social caveats in species and fisheries that are typically overlooked. While 

imperfect, these size-based methods offer a tool to achieve higher yields and larger, more 

productive populations of target invertebrate species. 
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Table 5.1 Life history values and sample sizes for nine commonly fished invertebrate taxa on the Danajon 

Bank. All length values are in millimetres. 

Type Species n 

L∞ 

(mm) 𝜑′ 
K 

(year-1) 

M 

(year-1) 

M/K 

ratio 

Bivalve Amusium 

pleuronectes 80 114 2.04 0.85 1.02 

1.2 

Codakia tigerina 332 126 1.3 0.13 0.15 1.2 

Crassostrea iredalei 286 95 2.06 1.29 1.54 1.2 

Gafrarium tumidum 1651 51 0.97 0.35 0.42 1.2 

Perna viridis 369 173 2.09 0.41 0.49 1.2 

Tegillarca granosa 4260 95 1.49 0.35 0.42 1.2 

Gastropod Trochus niloticus 3101 126 1.53 0.21 0.13 0.59 

Crustacean Portunus pelagicus 702 183 2.55 0.89 1.07 1.2 

Urchin Tripneustes gratilla 272 157 2.32 0.85 1.02 1.2 
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Table 5.2 Common symbols and abbreviations in Chapter 5 

 

Variable Description 

F Fishing mortality (1/time) 

F/M Ratio of fishing mortality (F) to natural mortality (M) 

K Rate (1/time) at which the asymptotic length is approached 

L∞ Asymptotic length in a population 

Lc Mean length at first capture 

Lm Mean length at which 50% of the population has reached maturity 

Lm95 Mean length at which 95% of the population has reached maturity 

Lmax Maximum length reported from a population 

Lopt Length at which biomass of an unfished cohort reaches its maximum 

M Instantaneous rate (1/time) of natural mortality (1/time) 

M/K Ratio of natural mortality to von Bertalanffy’s K 

SPR Spawning potential ratio 

SPRcurrent Spawning potential ratio at selectivity observed in the fishery 

SPRLopt Spawning potential ratio at Lopt selectivity 

Z Total mortality (1/time) 

𝜑′ Phi prime: growth performance index (𝜑′ = logK+2logL∞) 
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Table 5.3 Length at maturity, mean length at capture, estimated optimal size at capture and SPR and F/M indicators of stock status in nine invertebrate 

taxa obtained from LBSPR and LIME. 

Type Species Lm (mm) 

Mean Lc 

(mm) 

Estimated 

Lopt (mm) 

LBSPR LIME 

SPR F/M SPR F/M 

Bivalve Amusium pleuronectes 57 77 81 0.47 0.64 0.42 1.04 

Codakia tigerina 63 77 90 0.18 9.12 0.15 0.82 

Crassostrea iredalei 47 53 68 0.21 1.14 0.2 1.39 

Gafrarium tumidum 26 28 37 0.22 7.00 0.27 1.56 

Perna viridis 87 60 124 0.01 4.10 0.03 2.62 

Tegillarca granosa 47 78 68 0.61 2.62 0.61 0.59 

Gastropod Trochus niloticus 63 29 105 0.00 19.03 0.03 18.24 

Crustacean Portunus pelagicus 100 77 143 0.01 5.01 0.00 7.62 

Urchin Tripneustes gratilla 78 47 112 0.00 12.37 0.02 4.82 
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Table 5.4 SPR and F/M indicators of stock status in three mobile invertebrate taxa under varying selectivity assumptions in LIME. 

  Logistic Gaussian 1.2 SD Gaussian 1.0 SD Gaussian 0.8 SD 

Type Species SPR F/M SPR F/M SPR F/M SPR F/M 

Gastropod Trochus niloticus 0.03 18.24 0.14 12.12 0.19 11.35 0.42 7.11 

Crustacean Portunus pelagicus 0.00 7.62 0.14 1.48 0.18 1.39 0.30 1.14 

Urchin Tripneustes gratilla 0.02 4.82 0.02 4.81 0.02 4.80 0.03 4.76 

 



108 

 

Table 5.5 SPR estimates for simulated populations of nine invertebrate taxa. I calculated SPR based on my 

life history parameter estimates, held F/M = 4 and then varied selectivity. I compare SPR based on my 

estimate for current selectivity to SPR based on knife-edge selectivity at Lopt. 

Type Species SPRcurrent  SPRLopt 

Increase in fisheries 

yield at Lopt (%) 

Bivalve Amusium pleuronectes 0.11 0.48 270 

Codakia tigerina 0.32 0.54 195 

Crassostrea iredalei 0.03 0.51 617 

Gafrarium tumidum 0.25 0.51 203 

Perna viridis 0.01 0.51 982 

Tegillarca granosa 0.52 0.66 103 

Gastropod Trochus niloticus 0.03 0.58 1383 

Crustacean Portunus pelagicus 0.02 0.63 793 

Urchin Tripneustes gratilla 0.02 0.51 609 
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Figure 5.1 Gleaning catch sampling sites in the Danajon Bank region, Philippines. I sampled catch from 160 

fishing trips at 11 intertidal sites on the north coast of Bohol. 
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Figure 5.2 Schematic of my analytical approach. I obtained both literature and field data to estimate growth 

parameters and calculate Lopt and Lm. These values were compared to length at catch data, Lc, obtained from 

gleaning fisheries in the Central Philippines. 
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Figure 5.3 Proportion of gleaning catch that is smaller than Lm (black segments), larger than Lm but less than 

Lopt (dark grey segments), and larger than Lopt (light grey segments). 
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Figure 5.4 Stock status for nine species of intertidal macroinvertebrates as estimated by length-based SPR 

and length-based F/M methods where logistic selectivity is assumed. Solid horizontal and vertical lines are 

95% confidence intervals for SPR and F/M. Dotted lines indicate typical SPR and F/M thresholds for 

assessing stock health. The vertical dotted line is where SPR = 20%. The horizontal line is where F/M = 2. 

Number labels correspond with the nine taxa in this analysis: 1 = A. pleuronectes, 2 = C. tigerina, 3 = C. 

iredalei, 4 = G. tumidum, 5 = P. viridis, 6 = P. pelagicus, 7 = T. granosa, 8 = T. gratilla, 9 = T. niloticus  
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Figure 5.5 Stock status for three species of mobile intertidal macroinvertebrates as estimated by length-based 

SPR and length-based F/M methods where logistic and Gaussian selectivities are applied. Solid horizontal 

and vertical lines are 95% confidence intervals for SPR and F/M. Dotted lines indicate typical SPR and F/M 

thresholds for assessing stock health. The vertical dotted line is where SPR = 20%. The horizontal line is 

where F/M = 2. 
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Figure 5.6 Population size structure and catch size structure for six simulated populations for sessile taxa. 

Each simulated population was given life-history attributes for a taxon of interest in this study and then 

“fished” with two different selectivity patterns. In the population size distribution plots, on the left, the solid 

lines correspond with the body sizes of a population that is unfished; the dash-dot lines correspond with a 

population fished at Lopt; and the dotted lines show a population at current estimated fishing. In the catch size 

distribution plots, on the right, the red area represents catch size frequency under current selectivity patterns 

and the blue bars represent catch size distribution in a knife-edge Lopt selectivity pattern. In all cases, I set a 

high exploitation rate of F/M = 4. Note the differing x-scale among taxa. 
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Figure 5.7 Population size frequency distributions and catch size frequency distributions for three simulated 

populations of mobile taxa. Each simulated population was given life-history attributes for a taxon of interest 

in this study and then “fished” with two different selectivity patterns In the population size distribution plots, 

on the left, the solid lines correspond with the body sizes of a population that is unfished; the dash-dot lines 

correspond with a population fished at Lopt; and the dotted lines show a population at current estimated 

fishing. In the catch size distribution plots, on the right, the red area represents catch size frequency under 

current selectivity patterns and the blue bars represent catch size distribution in a knife-edge Lopt selectivity 

pattern. In all cases, I set a high exploitation rate of F/M = 4. Note the differing x-scale among taxa. 
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Chapter 6: Conclusion 

6.1 Introduction 

This thesis addresses three significant research gaps by creating new knowledge that will 

contribute to conservation of marine invertebrate taxa: (i) survey approaches necessary for 

effective detection and monitoring of invertebrates, (ii) impacts of marine reserves on 

invertebrates and their communities, and (iii) the need for complementary conservation measures 

to secure reproductive output. In Chapter 2, I found that tailoring sampling to invertebrate 

ecology—shifting data collection to night-time—dramatically increases detection of mobile 

invertebrates. Such a shift, in turn, has a substantial bearing on estimates of invertebrate 

biodiversity. In Chapter 3, I found that marine reserves increase the abundance of invertebrate 

taxa important in fisheries and that presence of structurally complex habitat can amplify this 

effect. I also found that fish response to MPAs serves as a poor indicator for abundance trends in 

invertebrates. In Chapter 4, I found that marine reserves changed both the composition of 

invertebrate communities and the traits and functions present in those communities. This results 

in marine reserves that are functionally different than fished areas. Lastly, in Chapter 5, I found 

that for commonly exploited invertebrate taxa invertebrates with poor data, minimum size 

restrictions can improve the reproductive output and fisheries yield. 

 

Marine conservation science has shifted in the years since I began this work—something I have 

attempted to reflect in this thesis. In the 2000s to mid-2010s, the state of art in marine 

conservation was MPA science. A number of influential meta-analyses had been published, 

which examined response trends among taxa and ecosystems (Côté et al., 2001; Grorud-Colvert 

et al., 2014; Halpern, 2003; Lester et al., 2009). This work paralleled an effort from governments 



118 

 

and civil society for increased establishment of MPAs. Chapters 2-4 of this thesis contribute to 

this body of work. In recent years, the field has shifted, embracing a broader swathe of 

conservation techniques that compliment MPA establishment—notably, development of methods 

for establishing effort controls in data-limited fisheries (Carruthers et al., 2014; Hordyk et al., 

2015). This shift is reflected in Chapter 5 and is consistent with calls to “stack” complementary 

actions to achieve rebuilding of populations and habitats (Duarte et al., 2020).  

For each chapter in this thesis, I present my research question and place my findings in the 

context of the broader academic and conservation field. I discuss the limitations of my work and 

then conclude by describing practical applications of my research, broader conservation 

implications, and directions for future research. 

 

6.2 Research findings and broader context 

6.2.1 How does time of sampling affect detection of coral reef invertebrate taxa? 

In Chapter 2, I tested whether night time invertebrate surveys result in different biodiversity 

estimates than those completed during daylight hours. This chapter is notable because it provides 

guidance for other researchers on gathering baseline information and detecting trends in 

invertebrate abundance and diversity. 

 

I found that sampling at night increases detection and results in large differences in the estimates 

of total biodiversity, as compared to daytime sampling. Ecological monitoring relies on the 

assumption that methods produce data representative of the system they are measuring (Kellner 

and Swihart, 2014). In my search of the marine invertebrate monitoring literature, sampling 

methods were similar to those for fish: day-time belt transects or day-time quadrats. However, 
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through trial and error in the field I found that this provides disappointing results: densities and 

species richness values were exceedingly low given the biodiversity of my study region. By 

shifting sampling to night-time, I found substantially more mobile taxa and higher taxon 

richness. This results in large differences between day and night in estimates of total taxon 

richness in rarefaction extrapolation analyses. The difference in results delivers a compelling 

message: sampling strategy must be tailored to the ecology of the focal taxa. Use of daytime 

sampling in this thesis, would likely have resulted no difference in detection for sessile taxa. 

However, some of the most interesting trends in Chapters 3 and 4 are related to mobile taxa—

those with poor detection rates during the day. It is likely that many of the mobile focal taxa in 

this work would have had counts too low to have enough statistical power to understand 

response patterns had I not switched to night sampling. This is an important lesson for other 

MPA ecologists. 

 

6.2.2 How and why do marine invertebrates respond to no-take marine reserves? 

My work in Chapter 3 found that marine reserves do indeed increase the overall abundance of 

exploited invertebrate taxa while there is no significant effect in taxa unimportant in local 

fisheries. Positive effects take time, being stronger in older reserves, and are found both inside 

and immediately outside reserves. These effects are also associated with structurally complex 

habitat. Notably, however, there is almost no relationship between fish abundance trends, and 

invertebrate abundance trends—even when controlling by trophic group.  

 

My finding that only some invertebrate taxa – a general group of fished species – responded 

positively to reserves is initially unexpected. However, considering the enormous diversity of 
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invertebrate life history strategies, exploitation histories, and trophic positions, this observation 

becomes far less surprising and aligns with variability in abundance trajectories of fish in MPAs 

(e.g. García-Rubies et al., 2013). Invertebrate taxa previously exploited in fisheries gain the most 

from removal of exploitation pressures, and this positive response is notable in my results—

again similar to reserve response ratios for some fish taxa (Claudet et al., 2006). The group of 

unfished taxa, on the other hand show no response to reserves—perhaps they are subject to 

greater predation in reserves because of increases in larger-bodied, previously fished 

invertebrates and fish. This mix of abundance responses is consistent with other marine and 

terrestrial protected area studies which show winners, losers, or an absence of effect (Claudet et 

al., 2006; Fanshawe et al., 2003; Lester et al., 2009). For example, marine protected areas in 

California, created in part to support fisheries sustainability, resulted in decreases in abalone 

numbers as their predators increased in abundance (Fanshawe et al., 2003). This theme is not 

confined to the marine realm; conservation interventions in terrestrial and freshwater areas can 

have unexpected cascading effects. The creation of a terrestrial protected area in Utah, for 

example, was linked with declines in predatory taxa, an increase in grazing which led to 

alteration of erosion patterns and ultimately, declines in both terrestrial and aquatic species 

(Ripple and Beschta, 2006).  

 

My analysis of habitat effects on invertebrate abundance illustrates the importance of complex 

coral structuring on reefs. I found that level of rugosity and abundance of branching corals 

consistently predict invertebrate abundance. These are areas where invertebrates live, feed, 

reproduce, and use for protection from predation (Castro, 1988; Idjadi and Edmunds, 2006; 

Luckhurst and Luckhurst, 1978; McClanahan, 1994; Sale, 1991; Vytopil and Willis, 2001). This 
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finding indicates that reserve planning should include areas with complex habitat or areas that 

have potential for recovery of complex habitat. It also adds to the call for limits on use of 

destructive gears (e.g. Cinner, 2009; Mangi and Roberts, 2006; McManus et al., 1997). While 

use of active gears may provide good fishing yields in the short-term, this work supports the idea 

that harm to habitats can take a long time to recover, likely limiting an area’s ability to support 

high abundances of invertebrates for many years.  

 

The near absence of relationship between fish abundance and invertebrate abundance is an 

important finding. The vast majority of marine reserve studies compare abundance of fish in 

exploited and unexploited areas (see meta-analysses: Côté et al., 2001; Halpern, 2003; Lester et 

al., 2009). My results indicate that it is important that the scope of current monitoring be 

broadened in taxonomic scope to include and track changes in invertebrates—taxa that constitute 

the majority of marine life on coral reefs (Gibson et al., 2011). 

 

6.2.3 How do protected invertebrate communities differ from those in adjacent fished 

areas? 

Chapter 3 offers a notably different approach from typical reserve in-out studies, which tend to 

focus solely on abundances. Instead, I investigated community composition and functional 

abundance in reserve versus non-reserve areas. I found that invertebrate communities in reserves 

differed from those in surrounding, fished areas at the taxonomic, trait, and functional levels. 

Each species fills different trophic and functional roles in an ecosystem and fishing activities can 

change the relative presence and quantity of those roles. Fishing of bivalves, for example, can 

reduce water filtration capacity. The implication of my work is that elimination of fishing should, 
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theoretically, improve water quality. Through my comparison of community structure between 

reserve and non-reserve areas I found a set of top contributors to community differences. While 

interesting, this list of taxa (small shrimps, a few bivalves and snails) becomes much more 

informative when combined with measures of their trait abundances: I found community and 

trait differences between reserve and non-communities are driven by increases in species with 

filter feeding capacity, sessile taxa, and taxa with shells. 

 

Surprising among my results is the lack of effect in traits typically associated with vulnerability: 

relatively larger body size and a higher ratio of edible meat to body size (Dulvy et al., 2008; 

Kindsvater et al., 2016). I can hypothesize that perhaps these traits are either not well captured in 

my trait categories or that time scales are insufficient in this study to capture the effect. For 

example, a significant lag (up to 45 years) in the recovery of larger, longer lived species was 

observed in reserves in the Western Indian Ocean (McClanahan and Graham, 2015). 

Furthermore, “larger” body size is highly relative. In this study, maximum body size for my focal 

taxa is approximately 20 centimetres—ten times larger than the smallest of my study taxa but 

still much smaller than other fish taxa on the same reefs, and may not fit into the category of 

“large body size”. Also notable is my finding that even when habitat composition does not differ 

between reserve and non-reserve area, community and trait composition still differs. This 

suggests that removal of fishing pressures, alone, can be an important driver of taxonomic and 

functional composition. 

 

My results are notable in the context of a push for ecosystem and resilience-based management 

(Duarte et al., 2020; Obura, 2005; Worm, 2017). My finding that functional abundances differ in 
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reserves is important given that diverse functional traits help confer the resilience that 

ecosystems rely on for buffering fishing and climate change pressures (Hughes et al., 2005; 

Levin and Lubchenco, 2008; Pikitch et al., 2004). For example, loss of filtration capacity from 

bivalves can impair light transmission to photosynthetic organisms, imperiling their ability to 

synthesize food (La Peyre et al., 2014). In many cases it may be difficult to manage for the 

maintenance of functional traits because it may be unclear which taxa are contributing to 

particular functions. Evaluating biological communities using both taxonomy and biological 

traits (e.g. grazing, habitat forming), as I do in Chapter 4, may help overcome this challenge by 

identifying the taxa linked with these traits and ecosystem functions. This may eventually allow 

managers and practitioners to direct management or restoration towards taxa that support 

resilient biological systems or traits that may be absent or at low abundances in the system. 

 

6.2.4 How can we generate minimum size recommendations for invertebrate taxa with 

limited data? 

In Chapter 5, I examined whether basic life-history principles could be adapted for use in data-

limited invertebrate fisheries. Using inference from closely related taxa and limited catch 

information, I generated size limit recommendations that can help protect spawning-sized 

invertebrates. This chapter helps create conservation measures that are complementary to marine 

reserves. 

 

The foundation of fisheries management—and largely, of conservation—is ensuring enough 

spawning output to support future generations. In data-rich stocks, where age structure is known 

(or estimated), fisheries models provide assessment and management recommendations to 
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conserve spawning potential (Hilborn et al., 2020; Worm and Branch, 2012). On Danajon Bank, 

most, if not all small-scale fisheries do not fit into this category—they are data-limited and the 

capacity of their target taxa to produce future generations is unknown. Invertebrate fisheries are 

further complicated by social dimensions in that extraction is principally conducted by women, 

children and the elderly—groups that typically fish in intertidal areas, primarily by gleaning 

(Kleiber et al., 2014).  

 

In this chapter, I synthesized a set of steps for estimating spawning size and optimal size at 

capture in fished invertebrate taxa. I then examined gleaning fisheries data from the Danajon 

Bank to assess the depletion of spawners in these fisheries. My finding that most taxa are being 

fished before they reach maturity suggests a need for minimum size limits, among other 

management measures. My models suggest that such size limits could produce significant gains 

in abundance and fisheries yield for target species. Despite potential positive impacts of size 

limits, implementation may be compromised, both by invertebrate movement ecology and by 

social dynamics of people associated with this fishery. Because many mobile invertebrate 

species migrate to greater depths as they grow and age, setting a lower size limit for mobile taxa 

could severely limit the fishing opportunities for gleaners who do not have access to boats and 

deeper waters associated with larger animals. In this chapter I suggest that further work is 

required to understand the trade-offs associated with increasing the abundance of spawners while 

also respecting food security needs of marginalized fishers. For example, there may be options to 

close small sections of gleaning areas in conjunction with setting size limits in sub-tidal zones 

fished by skin-divers. On Danajon Bank, marine reserves are an established component of 

barangay and municipal-level conservation. Evaluating the plausibility of these trade-offs 
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between closed areas and size limits will require consultation with village groups and likely, 

significant local leadership. 

 

6.3 Limitations 

In exploring my research findings, I seek to avoid over-interpretation even while feeling pleased 

with what I was able to achieve. We are always limited in our data collection, especially when it 

involves night-time surveys of little known marine taxa in isolated areas of a foreign country, 

covering marine reserves that are already in place. I am aware of the limitations of my work and 

conscious that they constrain my results to some extent.  

 

In a perfect world, one would seek to improve data gathering in the following ways:  

 Larger sample sizes for day-night sampling comparison. The goal of my field work on 

the Danajon Bank was to rapidly census the inside and outside of ten marine reserves and 

a set of reference sites. When daytime sampling failed to yield satisfactory data, I quickly 

moved on to more effective night sampling. Given my time allowances in the field I was 

unable to add additional data points to the day-night comparison. Despite this low sample 

size in Chapter 2, the magnitude of the effect is notable. 

 A before-after-control-impact (BACI) design. BACI design, while powerful, requires 

monitoring at reserve and reference areas before reserves are in place (Eberhardt, 1976). 

Given the known lags in time for populations to respond after reserve establishment 

(Lester et al., 2009; McClanahan and Graham, 2015) this design would have required 

several years of monitoring, and would not be realistic in the timelines of this research. 

Instead, a space-for-time approach allowed me to examine temporal trends. 
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 Finer scale taxonomic identification. Invertebrate species diversity is exceptionally high 

in the Central Philippines and many species remain undescribed. For example, a number 

of studies have documented invertebrate species new to science from the Central 

Philippines since I collected these data (e.g. Gosliner, 2015; Matsuda and Gosliner, 2018; 

Pola et al., 2019; Shipman and Gosliner, 2015). Given my tiny field team (one local 

assistant and me) and the length of my field season (four months), identifying each 

animal to the species level (or even the genus level in many cases) during surveys would 

have limited the scope of our census of invertebrate species across the ten reserves and 

three reference sites I studied. 

 Increased sampling intensity at each site for increased power to detect in-out-reference 

differences.  

 A longer time-series for invertebrate catch data, collected at very regular intervals for 

better life history estimation. Additional data could have shed more light on timing of 

spawning behavior, thus facilitating analysis on potential for seasonal closures of 

invertebrate fisheries. 

 A stronger analysis of local socioeconomics. This thesis began strictly as an examination 

of biological differences between protected and non-protected areas. As the thesis 

developed it became clear to me that local socioeconomics play a central role in the 

pressures exerted on marine invertebrate taxa. Further work is required to understand the 

relationship between these taxa, and the often marginalized people who fish, consume 

and sell them. 

 A stronger understanding of local contexts. As a foreigner, I arrived in Danajon Bank 

with my own set of judgements and biases. This region has its own rich set of societal 
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and cultural norms that I cannot begin to fully understand—particularly given my limited 

time in the region. These norms and values shape local relationships with natural 

resources and dictate the acceptability of various types of natural resource management. 

What management recommendations may sound acceptable to me as a foreigner and 

outsider may not be acceptable in the villages in which I worked. Management 

recommendations must fit within local contexts and norms which, as an outsider, I lack a 

strong understanding of.  

 Lastly, conservation research is not complete without engagement with the communities 

where the research was conducted. I am deeply indebted to the communities that that 

allowed me to conduct this work and who provided me with critical data and insight. 

Prior to the current coronavirus pandemic, I planned to return to Danajon Bank in the 

summer of 2020 to report my findings back to the communities in which I worked. This 

reporting will happen when I can safely travel again to the Philippines. Reporting, 

however, is only the first step in a much longer process needed to generate conservation 

change. Longer term work will require consultation with barangay captains (mayors) and 

councils, community organizations, and municipal fisheries officers. These processes can 

take many years and I plan to be involved in these steps through continued engagement. 

 

6.4 Recommendations 

After decades-long global efforts from ecologists, civil society, governmental and 

intergovernmental organizations, wide-scale acceptance and implementation of MPAs 

crystalized in the 2000s and 2010s. The Convention on Biological Diversity Aichi Target 11 and 

UN Sustainable Development Goal 14 set important goals for MPA establishment. Global MPA 
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coverage now sits at 7.8% of ocean area—an eight-fold increase since 2000 (http://mpaatlas.org) 

—and MPA coverage continues to grow by 8% per year (Worm, 2017). The push to designating 

these protected areas has resulted in significant conservation gains in coverage and abundance, 

but left important taxa out of the equation. It is now time for ecologists and conservation 

practitioners to ensuring that MPA creation shows greater inclusiveness with regard to the taxa 

being protected and the fisheries that are dependent on those taxa. Marine invertebrates must be 

taken into account, as must the often marginalized fishers that rely upon them. Monitoring finfish 

and an overwhelmingly focus of resources on management for large-scale finfish fisheries is no 

longer good enough.  

 

From this research, I have developed five recommendations for marine conservation researchers, 

practitioners, and fisheries managers. 

 

1. Monitor for mobile invertebrate taxa at night when detection rates are higher. 

Practitioners must tailor their survey methods to the ecology of the taxa of interest. This work 

indicates that adoption of daytime survey techniques may introduce unnecessary bias for 

estimating invertebrate diversity. This will help with detection and monitoring for status of 

invertebrate taxa that constitute an important segment of marine biodiversity and small-scale 

fisheries. 

 

2. Treat invertebrate taxa as central to—and equals in—conservation and management 

assessment, planning, and action. MPA development focuses overwhelmingly on the response 

of fish to protection. With a few exceptions for species of high economic importance, most 

http://mpaatlas.org/
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scientists and managers overlook the invertebrates that form the foundations of many food webs 

and fisheries. As an overwhelming component of marine biodiversity and a critical source of 

food security, MPA planners must design MPAs that support invertebrates. Protected area 

monitoring should measure trends in invertebrates diversity and abundance and tailor MPA 

management to suit the life history of those taxa. Fisheries managers must pay close attention to 

the conservation challenges facing invertebrate taxa—whether it be loss of important habitat or 

overexploitation of particular taxa—and respond to these challenges. 

 

3. Use marine reserves to protect invertebrate taxa, recognizing that not all will respond 

positively. Reserves work for many invertebrate taxa—particularly those important in fisheries. 

Marine reserves should be considered a key component in increasing invertebrate abundance for 

many taxa, both within their boundaries and in the areas nearby. Furthermore, reserves can help 

change the functional traits that invertebrate communities contribute to the broader system. 

Marine reserves and reserve networks should be seen as an important tool for conserving 

invertebrates and their critical life-history stages. 

 

4. Ban destructive fishing gears and methods. An important finding in this thesis is the link 

between structurally complex habitats and higher invertebrate abundance. These complex 

habitats are critical for many components of invertebrate life-history. Many macro-invertebrates, 

both mobile and habitat forming, are limited in their ability to evade active gears. Bans on 

destructive fishing will help maintain the viability of habitats to support abundant invertebrate 

life. Fisheries, wherever possible, should endeavor to use gears that are more selective and do not 

contact bottom habitat. 
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5. Consider use of minimum size limits in invertebrate fisheries to protect spawning stock. 

MPAs, while effective, should not be used in isolation to address all marine conservation 

challenges. My work showed that invertebrate growth overfishing is impacting both yield and 

reproductive output in local stocks. Minimum size limits, even if generated via life history 

estimates, should be considered as a complimentary action to fishing closures, provided they 

account for local fishing practices and species biology. 

 

6.5 Future Work 

Future invertebrate conservation work must address issues ranging from basic species biology 

through to international ocean policy. A multi-tiered conservation approach places a species’ 

biology and the protection of the ecosystem on which it depends as central to preventing 

extinction (Vincent, 2008). Moving progressively outward through the layers of a conservation 

onion requires addressing the needs and securities of local people who depend on those taxa and 

ecosystems. Regional and national laws and governance structures make up the next layers, 

followed finally by global conservation policy agreements. In this thesis, I focus on species 

biology, habitats and the local ocean management structures—the inner layers of the 

conservation onion. In sections 6.3 and 6.4 of this chapter, I suggest additional data collection, 

analyses, and actions that could further support inner and middle layers of the invertebrate 

conservation onion. Address outer layers, requires national and global-scale exploration of policy 

dimensions. For example, a global synthesis of invertebrate-MPA responses is needed. This 

global perspective will be important for informing higher level MPA policy. For example, this 

type of analysis could address whether universal (or near-universal) patterns for MPA design 

could be applied to enhance response in invertebrate taxa. 
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At the global policy scale, work is needed to advance invertebrate conservation issues. Among 

the multilateral environmental agreements (MEAs), few mentions are made of invertebrate 

conservation issues. The Aichi Targets, a core set of goals associated with the Convention on 

Biological Diversity are undergoing a major update in 2020. The update, “A Post-2020 Global 

Biodiversity Framework” details a set of 2030 and 2050 biodiversity goals. Unfortunately, at the 

time of writing, zero draft text of the CBD Post-2020 goals does not include specific or 

measurable targets for addressing conservation of marine species, let alone marine invertebrate 

taxa. As other MEAs (Ramsar, CMS, CITES, etc.) undergo review and update, sufficient 

leadership could lead to opportunities for these bodies to develop policy language that 

specifically addresses invertebrate conservation. These policies could set standards for 

invertebrate planning in MPA design, or could devote text to controls on fishing practices that 

impact invertebrate taxa, for example active gears. There may also be opportunities to conserve 

invertebrate taxa through emerging treaties. For example, a proposed UN Treaty for marine life 

in the high seas could address invertebrate conservation issues in areas beyond coastal waters 

(Barbier et al., 2014). 

 

All of this work is set in a global environmental of climate change and ocean acidification. 

Tropical invertebrates are vulnerable to both—warming seas may push many taxa beyond their 

thermal limits and declining pH will impact their ability to build shells or form reefs 

(Przeslawski et al., 2008). Significant effort has been invested in understanding how individual 

invertebrate taxa may fare in the coming decades (Chapperon and Seuront, 2011; Harley and 

Rogers-Bennett, 2004; Lawrence and Soame, 2004; Prather et al., 2013). However, further work 

is needed to understand how or if protected areas and fisheries management can be used to buffer 
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the effects of a rapidly changing ocean on coral reef invertebrates (Côté and Darling, 2010; 

McClanahan et al., 2012). 

 

6.6 Conclusion 

This thesis contributes to a narrative of solutions and optimism for rebuilding marine populations 

and communities—even in the face of the many challenges confronting marine life. Marine 

conservation science is dominated by stories of pessimism and collapse in the face of significant 

global pressures and challenges (Myers and Worm, 2003; Pinsky et al., 2011; Worm et al., 

2006). While documenting decline in marine animals serves as an important alarm bell for the 

risks of maintaining conservation status quo, there must be a shift in focus towards identifying 

and advancing solutions. This thesis shows that marine reserves can work for exploited coral reef 

invertebrates and their communities on Danajon Bank, especially in concert with minimum size 

limits, and could result in significant gains for coral reef invertebrate taxa. There is a growing 

body of work that suggests that “stacking of complementary actions” (e.g. MPAs, better fisheries 

assessment and management, restoration of critical habitats) can serve to repair the key processes 

(e.g. herbivory and larval recruitment) needed for rebuilding plant and animal populations 

(Duarte et al., 2020; Hughes et al., 2017; Sale et al., 2005; Shears and Babcock, 2003). It is my 

hope that this thesis adds to conservation biology’s collective list of solutions and helps spur 

actions needed to achieve meaningful conservation gains for invertebrates in the coming 

decades. 
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A.1  Invertebrate families († indicates superfamily) sampled in this study and their respective densities inside and outside of 

reserves and at distant fished sites 

Phylum Family 

Density (per m2) 

Phylum Family 

Density (per m2) 

In Out Ref In Out Ref 

Annelida Sabellidae 0.30289 0.22500 0.23444 Mollusca Cassidae 0.00011 0.00000 0.00000 

 Serpulidae 0.00011 0.00044 0.00000  Chromodorididae 0.00067 0.00033 0.00000 

Arthropoda Calappidae 0.00022 0.00089 0.00111  Conidae 0.00044 0.00089 0.00000 

 Diogenidae 0.00056 0.00067 0.00074  Cypraeidae 0.00922 0.00856 0.00704 

 Dromiidae 0.00044 0.00078 0.00037  Discodorididae 0.00044 0.00089 0.00000 

 Ethusidae 0.00000 0.00011 0.00000  Fasciolariidae 0.00033 0.00011 0.00000 

 Hippolytidae 0.55356 0.48078 0.37926  Gryphaeidae 0.00322 0.00211 0.00370 

 Inachidae 0.00000 0.00056 0.00000  Haliotidae 0.00089 0.00133 0.00037 

 Majidae 0.00589 0.01089 0.00741  Hexabranchidae 0.00000 0.00011 0.00000 

 Majoidea 0.00033 0.00078 0.00037  Limidae 0.00000 0.00011 0.00000 

 Paguroidea†  0.04989 0.02833 0.02185  Loliginidae 0.00022 0.00111 0.00074 

 Parthenopidae 0.00011 0.00000 0.00001  Malleidae 0.14900 0.28311 0.22407 

 Penaeidae 0.02333 0.02689 0.01741  Muricidae 0.04133 0.03644 0.03481 

 Portunidae 0.10122 0.10844 0.07630  Mytilidae 0.13922 0.08644 0.04889 

 Scyllaridae 0.00311 0.00367 0.00185  Naticidae 0.00022 0.00022 0.00000 

 Stenopodidae† 0.01011 0.01211 0.01111  Octopodidae 0.00011 0.00011 0.00000 

 Xanthidae 0.07989 0.07444 0.05148  Ostreidae 0.05278 0.03467 0.05185 

Echinodermata Acanthasteridae 0.00256 0.00178 0.00148  Pectinidae 0.07144 0.06178 0.07074 

 Amphiuridae 0.01722 0.01544 0.02000  Phyllidiidae 0.00089 0.00089 0.00259 

 Asteropseidae 0.00133 0.00078 0.00074  Pinnidae 0.00400 0.00356 0.00444 

 Comasteridae 0.04467 0.05689 0.23333  Plakobranchidae 0.00067 0.00056 0.00037 

 Cucumariidae 0.00000 0.00011 0.00000  Plearobranchidae 0.00011 0.00000 0.00000 

 Diadematidae 0.02767 0.08011 0.04926  Polyceridae 0.00011 0.00000 0.00000 

 Echinometridae 0.00933 0.00844 0.00259  Pteriidae 0.00233 0.00189 0.00037 

 Eurypatagidae 0.00011 0.00000 0.00000  Ranellidae 0.00011 0.00011 0.00000 

 Gorgonocephalidae 0.00011 0.00011 0.00037  Sepiidae 0.00344 0.00511 0.00593 

 Holothuriidae 0.01344 0.01578 0.01889  Sepiolidae 0.00000 0.00011 0.00000 

 Mithrodiidae 0.00044 0.00000 0.00000  Spondylidae 0.03500 0.03078 0.03074 

 Ophiocomidae  0.09622 0.17689 0.32037  Strombidae 0.00067 0.00078 0.00000 

 Oreasteridae 0.00289 0.00278 0.00333  Tonnidae 0.00022 0.00000 0.00000 

 Stichopodidae 0.00278 0.00167 0.00185  Trochidae 0.00167 0.00167 0.00111 

 Synaptidae 0.02000 0.03444 0.03741  Turbinidae 0.00900 0.00744 0.00296 

 Temnoplearidae 0.00000 0.00011 0.00074  Velutinidae 0.00211 0.00178 0.00000 

Mollusca Aplysiidae 0.00056 0.00056 0.00074  Vermetidae 0.30922 0.32056 0.18074 

 Arcidae 0.67422 0.45100 0.75037  Volutidae 0.00089 0.00089 0.00037 

 Cardiidae 0.00189 0.00144 0.00074 Platyhelminthes Pseudocerotidae 0.00667 0.00689 0.00296 
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A.2  Sample site maps (not to scale), hand drawn by research assistant Geralde Sucano: Pinamgo MPA, Busalian MPA, Sag 

distant fished site, Cataban MPA, Handuman MPA, Jandayan Norte MPA, Putik distant fished site, Batasan MPA, Bilang-

bilangan MPA, Matabao MPA, Ubayon distant fished site, Tugas MPA, Bantiguian MPA 
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A.3  CCEF MPA management scoring criteria 

Level Question Criteria 

1 a MPA concept accepted 

b Site surveyed using standard/accepted methods with baseline assessment 

complete, preferably conducted in a participatory process 

c Site selected 

d Education program raising awareness about MPA functions and benefits 

started 

e Management body membership tentatively determined 

f Preliminary management plan drafted 

2 a Community acceptance gained and documented 

b  Ordinance passed and approved by municipal council 

c Management body formally organized and recognized 

d Management plan adopted by community and LGU or PAMB 

e Management activities started 

f Biophysical monitoring includes local participation 

g IEC activities conducted to raise understanding on MPA rules and 

regulations 

h Anchor buoys, marker buoys and/or boundary markers installed 

i MPA rules and guidelines posted at strategic locations 

j MPA outpost or other structures constructed 

3 a Education program sustained public awareness and compliance 

b Regular biophysical monitoring measuring habitat conditions and changes 

conducted 

c Collaborative patrolling and surveillance conducted by mandated 

enforcement group and local community volunteers 

d MPA billboard signs, boundary markers and anchor buoys maintained 

e Management body active 

f Budget from local government or from other sources allocated and is 

accessible for MPA management 

g Fishing effectively stopped inside sanctuary zone 

h Illegal and destructive fishing reduced outside of MPA 

4 a MPA management plan updated in a participatory process 

b Annual biophysical monitoring and feedback of results supervised by the 

managing body and implemented for 2 years or more 

c Budget from government or from other sources allocated and was accessed 

for 2 or more consecutive years 

d Management body trained and capacitated to run MPA independently 

e Enforcement system fully operational 

f Illegal and destructive activities stopped inside and within the vicinity of 

MPA 
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g Environment-friendly enterprise and/or user fees collected as a sustainable 

financing strategy 

5 a Information and education program on MPAs maintained over the years 

b Ordinance passed by the provincial Council giving MPA stronger political 

support 

c Management plan refined for adaptive management 

d Management plan incorporated in the LGU development plan 

e Evaluation of impacts on ecology and socioeconomics conducted and 

feedback of results completed 

f Revenues from enterprise and/or user fees sustained and accounted for 

g Management body capacitated for financial management and fund 

sourcing 

h MPA emphasizes on public education and is being used as study tour site; 

residents advocate for MPA 

i Expansion strategies or enhancement programs initiated 
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A.4  Candidate models used for estimating effects of variables on all invertebrate taxa. + indicates a positive effect. 

    Reserve variables  Habitat variables  Fish variables 

Model 

rank QAICc ΔQAICc ω 

Protection 

status x 

reserve age 

Distance 

from 

mainland   Rugosity 

Live coral 

cover   

Low-

trophic fish 

abundance 

Mid-trophic 

fish 

abundance 

Top-trophic 

fish 

abundance 

1 1360.6 0 0.149  
  0.423 0.456  0.281   

2 1361.7 1.11 0.085  0.221  0.408 0.440  0.247   

3 1362.0 1.39 0.074 + 0.570  0.378 0.490  
   

4 1362.4 1.80 0.061  
  0.437 0.443  0.274  -0.064 

5 1362.5 1.87 0.059  
  0.412 0.455  0.265 0.068  

6 1362.6 2.03 0.054 + 0.580  0.356 0.481  
 0.131  

7 1363.0 2.46 0.044 + 0.421  0.382 0.476  0.159   

8 1363.2 2.64 0.040 +   0.411 0.469  0.270   

9 1363.2 2.66 0.039  0.324  0.405 0.445  
   

10 1363.4 2.83 0.036  
  0.422 0.471  

   

11 1363.4 2.86 0.036  0.242  0.395 0.437  0.226 0.080  

12 1363.6 3.00 0.033  0.223  0.422 0.428  0.242  -0.062 

13 1364.2 3.62 0.024  0.342  0.387 0.440  
 0.118  

14 1364.2 3.62 0.024  
  0.426 0.440  0.256 0.075 -0.070 

15 1364.3 3.67 0.024 + 0.568  0.388 0.481  
  -0.039 

16 1364.3 3.76 0.023 + 0.463  0.362 0.473  0.124 0.110  

17 1364.5 3.93 0.021  
  0.404 0.466  

 0.111  

 

  



183 

 

A.5 Candidate models used for estimating effects of variables on unexploited invertebrate taxa. + indicates a positive effect. 

    Reserve variables  Habitat variables  Fish variables 

Model 

rank QAICc ΔQAICc ω 

Protection 

status x 

reserve age 

Distance 

from 

mainland   Rugosity 

Live 

coral 

cover   

Low-trophic 

fish 

abundance 

Mid-trophic 

fish 

abundance 

Top-trophic 

fish 

abundance 

1 1346.6 0 0.237  
 

 0.423 0.520  0.359   

2 1348.0 1.36 0.120  0.214  0.405 0.500  0.318   

3 1348.8 2.16 0.080  
 

 0.416 0.519  0.348 0.047  

4 1348.9 2.24 0.078  
 

 0.429 0.514  0.356  -0.029 

5 1350.1 3.45 0.042 + 0.641  0.378 0.550  
   

6 1350.1 3.47 0.042  0.231  0.395 0.497  0.302 0.062  

7 1350.3 3.66 0.038  0.214  0.411 0.495  0.316  -0.027 

8 1350.3 3.71 0.037  0.347  0.404 0.505  
   

9 1350.4 3.82 0.035  
 

 0.425 0.541  
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A.6 Candidate models used for estimating effects of variables on exploited invertebrate taxa. + indicates a positive effect. 

    Reserve variables  Habitat variables  Fish variables 

Model 

rank QAICc ΔQAICc ω 

Protection 

status x 

reserve age 

Distance 

from 

mainland   Rugosity 

Live 

coral 

cover   

Low-trophic 

fish 

abundance 

Mid-trophic 

fish 

abundance 

Top-trophic 

fish 

abundance 

1 1033.2 0 0.096 +   0.461      

2 1033.3 0.09 0.092 +   0.391 0.185     

3 1034.6 1.47 0.046 +   0.475     -0.094 

4 1034.8 1.63 0.042 +   0.403 0.197  -0.109   

5 1034.8 1.63 0.042 +   0.444    0.090  

6 1034.9 1.78 0.039 +   0.473   -0.089   

7 1035.1 1.98 0.036 +   0.380 0.177   0.077  

8 1035.3 2.15 0.033 +   0.407 0.166    -0.061 

9 1035.5 2.33 0.030 + 0.031  0.456      

10 1035.6 2.46 0.028 + 0.040  0.384 0.186     

11 1035.7 2.51 0.027    0.492      

12 1036.0 2.86 0.023    0.430 0.165     

13 1036.2 3.08 0.021 +   0.456   -0.119 0.115  

14 1036.3 3.09 0.020 +   0.489   -0.107  -0.105 

15 1036.3 3.13 0.020 +   0.458    0.092 -0.096 

16 1036.3 3.13 0.020    0.509     -0.127 

17 1036.3 3.17 0.020 +   0.389 0.189  -0.135 0.104  

18 1036.3 3.19 0.020 + 0.219  0.375 0.212  -0.188   

19 1036.8 3.61 0.016 +   0.421 0.176  -0.119  -0.071 

20 1036.8 3.65 0.015 + 0.170  0.455   -0.149   

21 1037.0 3.87 0.014 + 0.024  0.471     -0.094 

22 1037.1 3.95 0.013  0.167  0.468      
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A.7 Candidate models used for estimating effects of habitat variables on all invertebrate taxa 

Model 

rank QAICc ΔQAICc ω Algae 

Branching 

coral 

Dead 

coral 

Encrusting 

coral 

Massive 

coral Seagrass 

Soft 

coral 

1 1787.8 0 0.226 0.247 0.691   0.351 0.365  
2 1788.6 0.84 0.149 0.222 0.646 -0.095  0.329 0.349  
3 1788.8 1.04 0.134 0.263 0.703  0.101 0.348 0.368  
4 1789.4 1.69 0.097 0.237 0.656 -0.102 0.110 0.325 0.352  
5 1790 2.21 0.075 0.256 0.696   0.355 0.367 0.019 

6 1790.9 3.12 0.047  0.579 -0.128  0.235 0.363  
7 1790.9 3.12 0.047 0.219 0.644 -0.096  0.327 0.349 -0.006 

8 1790.9 3.15 0.047 0.283 0.713  0.109 0.357 0.374 0.039 

9 1791.3 3.52 0.039  0.632   0.250 0.387  
10 1791.7 3.99 0.031 0.245 0.661 -0.099 0.113 0.329 0.354 0.014 
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A.8 Candidate models used for estimating effects of habitat variables on unexploited invertebrate taxa 

Model 

rank QAICc ΔQAICc ω Algae 

Branching 

coral 

Dead 

coral 

Encrusting 

coral 

Massive 

coral Seagrass 

Soft 

coral 

1 1765.5 0 0.203 0.289 0.707 -0.144  0.419 0.361  
2 1765.5 0.04 0.199 0.330 0.777   0.454 0.385  
3 1766.4 0.91 0.129 0.307 0.718 -0.153 0.127 0.415 0.364  
4 1766.7 1.23 0.11 0.348 0.790  0.111 0.452 0.389  
5 1767.6 2.09 0.071 0.263 0.691 -0.154  0.406 0.353 -0.048 

6 1767.8 2.29 0.065 0.325 0.774   0.452 0.383 -0.010 

7 1768.7 3.18 0.041 0.293 0.709 -0.158 0.122 0.408 0.360 -0.026 

8 1768.8 3.29 0.039  0.617 -0.190  0.295 0.377  
9 1769 3.51 0.035 0.355 0.793  0.114 0.454 0.391 0.012 

10 1769 3.55 0.034  0.594 -0.206  0.288 0.350 -0.140 
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A.9 Candidate models used for estimating effects of habitat variables on exploited invertebrate taxa 

Model 

rank QAICc ΔQAICc ω Algae 

Branching 

coral 

Dead 

coral 

Encrusting 

coral 

Massive 

coral Seagrass 

Soft 

coral 

1 1375 0 0.106  0.409 0.160   0.283  
2 1375.6 0.61 0.078  0.345    0.249  
3 1376 0.99 0.065  0.413 0.146 0.120  0.289  
4 1376 1 0.064  0.428 0.174   0.304 0.110 

5 1376.1 1.04 0.063  0.357  0.143  0.258  
6 1376.6 1.61 0.047  0.436 0.159 0.139  0.314 0.127 

7 1377.1 2.04 0.038  0.356    0.264 0.086 

8 1377.1 2.06 0.038  0.414 0.164  0.037 0.288  
9 1377.1 2.06 0.038  0.372  0.162  0.277 0.110 

10 1377.2 2.19 0.035 0.019 0.413 0.163   0.281  
11 1377.8 2.74 0.027  0.347   0.021 0.251  
12 1377.8 2.79 0.026 -0.007 0.344    0.250  
13 1377.9 2.93 0.025 0.068 0.449 0.185   0.301 0.130 

14 1378 3 0.024  0.435 0.180  0.046 0.311 0.114 

15 1378 3.01 0.023 0.115 0.473 0.174 0.166  0.311 0.165 

16 1378.1 3.09 0.023 0.044 0.424 0.150 0.128  0.284  
17 1378.2 3.18 0.022  0.416 0.149 0.116 0.023 0.291  
18 1378.2 3.21 0.021 0.026 0.363  0.149  0.255  
19 1378.3 3.25 0.021  0.358  0.142 0.006 0.259  
20 1378.8 3.78 0.016  0.441 0.164 0.135 0.031 0.319 0.130 

21 1378.9 3.87 0.015 0.080 0.395  0.184  0.273 0.135 

 

 


